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A B S T R A C T

Phosphorus (P) levels in eutrophic lakes with restricted external P inputs often show hysteresis resulting from
sediment P diagenetic recycling. Hard water oxygenated lakes are often thought to be less susceptible to P
release from sediment due to precipitation of P with calcium carbonate and P sorption on iron (Fe) oxyhydr-
oxides in oxidized surface sediments. However, perpetuated eutrophic conditions in many hard water oxyge-
nated lakes persist despite drastic reduction of external P inputs. What limits P sediment binding capacity and
drives its release from sediments in such lakes is often less understood. Here we characterize sediment P di-
agenetic processes driving persistent internal loading in the Bay of Quinte, a hard water, polymictic embayment
of Lake Ontario, Canada. We used a multifaceted approach, combining a comprehensive three-year study of
sediment P binding forms, recent sediment stratigraphy and accumulation, high spatial resolution measurement
of dissolved oxygen, redox potential and pH across the sediment-water interface and depth profiles of nutrient
and metals concentrations in pore water. Despite oxygenated bottom water conditions P diffusive fluxes during
summer are substantial (1–6.5 mg P/m2/day), representing as much as 50% of external P inputs. Estimated rates
of benthic organic carbon degradation indicate that anaerobic organic P mineralization in anoxic sediments is
the main driver of P release, which is strongly influenced by Fe reduction. Estimated rates of benthic organic
carbon degradation indicate that anaerobic organic P mineralization in anoxic sediments is the main driver of P
release. In surface sediment the redox sensitive P is the prevailing diagenetically reactive P phase, emphasizing
strong coupling with ferric Fe. While this indicates substantial P sorption on Fe oxyhydroxides, their spare
binding capacity is limited, as reducible Fe: P ratios are close to sorption limit. The calcium carbonate bound P
increased with sediment depth at the expense of redox sensitive P, suggesting diagenetic sequestration into
apatite with sediment burial. However, only 40% of diagenetically reactive P forms, which account for ~2/3 of
the total P in surface sediment, are permanently retained during burial. Importantly, our data show that in fact
significant P-flux occurs in shallow areas, with an apparent discordance with concurrent measures of long-term P
release from the sediments. These results also demonstrate that short-term measures cannot be extrapolated to
long-term estimates and vice versa.

1. Introduction

While phosphorus (P) is an essential macronutrient for maintaining
primary production in freshwater ecosystems, excessive concentrations
lead to undesirable algal blooms, anoxic bottom water and loss of
biodiversity (e.g., Smith and Schindler, 2009). Lakes are prone to

accumulating P from various sources, including riverine inputs, agri-
cultural runoff, sewage and industrial effluents. Under favorable bio-
geochemical conditions, the legacy P accumulated in sediments can be
released to the overlaying water column for many decades, effectively
delaying management efforts to reduce external P inputs (Katsev and
Dittrich, 2013). Despite its crucial role in the recovery of ecosystems,
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sediment P diagenesis and release in many lakes undergoing extensive
changes, such as urbanization, reduction of external loading, remain
poorly understood (Orihel et al., 2017).

Shallow nearshore environments and wetlands have recently re-
ceived a lot of attention and increasingly became focus of sediment P
biogeochemical studies (Parsons et al., 2017). These habitats are highly
sensitive to anthropogenic influences (e.g., warming climate, habitat
destruction and changing external P inputs (Orihel et al., 2017)). Di-
agenetic P recycling in these environments is complex, dynamic process
and exhibits a strong spatial and temporal heterogeneity (Depew et al.,
2018; Matisoff and Lou Carson, 2014; Matisoff et al., 2016; Parsons
et al., 2017; Ozersky et al., 2013). Yet there remains considerable
controversy surrounding P diagenesis. For example, sediment P release
in shallow water bodies is thought to be suppressed by P sorption on
iron oxyhydroxides. However, sediment P recycling is shown to be
partly limited by its vertical redistribution between P binding forms
during sediment diagenesis (Parsons et al., 2017). The influence of P
transformations from labile binding forms to Ca‑carbonates and Ca-
phosphates in hard water environments is particularly important, as
these phases are stable and redox insensitive thus representing per-
manent P sink which has not been systematically studied in shallow
aquatic systems (Dittrich and Koschel, 2002).

Diagenetic processes return mobile (diagenetically reactive) P forms
from the sediments to the water column and sequester a portion of P
into refractory forms, which are permanently buried. The potentially
mobile forms include loosely sorbed P, P adsorbed to redox-sensitive
metallic oxides (e.g., Fe-oxy-hydrooxides) and reactive organic P
(polyphosphates, phospholipids and DNA/RNA) (Rydin, 2000;
Paraskova et al., 2014). The refractory or immobile pool, which is
stable over long time periods under typical pH and redox conditions,
includes refractory organic matter, apatite and P sorbed on Al hydro-
xides under stable neutral to low pH (Kopáček et al., 2005). Although
originating in operational techniques, sequential P extraction helps
determine the abundance of different binding forms, track and compare
their transformation during diagenesis. Changes in the concentration of
different P binding forms with sediment depth are used to estimate the
long-term rate of diagenetic P transformations and recycling and to
quantify the size and composition of potentially mobile P pool tem-
porarily stored in sediments (e.g., Rydin et al., 2011; Hupfer and
Lewandowski, 2005; Dittrich et al., 2013).

Despite the importance of diagenetic processes, sediment P binding
forms and processes controlling their transformation (e.g., P transfers
from potentially mobile to more stable binding forms) are unresolved in
many eutrophic water bodies and usually not considered in remedial
plans. This is significant omission because P diagenetic transfers from
labile to inert P forms are the principal mechanisms of long-term P
retention and define sediment response to loading reduction. Even
though P binding forms are quantified in some lakes using common
sequential extraction schemes, the metals associated with extracted P
pools are not routinely measured. Yet, ratios of metals and P (e.g, Fe:P
or Al:P ratios) in extraction pools are indicative of the underlying
processes controlling P release and retention, and these ratios can in-
form eutrophication management decisions (e.g., Kopáček et al., 2005;
Geurts et al., 2008).

Moreover, sediment P recycling is traditionally assessed as re-
presenting the short-term (days/weeks/months) biogeochemical redox
processes of iron oxyhydroxide dissolution resulting from hypolimnetic
and sediment anoxia, which affects diurnal and seasonal P levels in the
water column (Hupfer and Lewandowski, 2008). Redox processes are
crucial to estimate P diffusive fluxes over a short time-scale (e.g.,
Tammeorg et al., 2015). However, diagenetic P mobilization and im-
mobilization are transient and reversible processes. In shallow eu-
trophic systems, the majority of P released during reductive dissolution
of iron oxyhydroxides is redistributed between different solid P binding
pools (e.g., Parsons et al., 2017). The reallocation of P between dif-
ferent mineral and organic binding pools needs to be considered, in

order to understand the P release on long-term scales (years to dec-
ades), which primarily stems from an imbalance between sedimenta-
tion supply of labile P forms and sediment capacity to bind P in inert
phases (Katsev et al., 2006; Hupfer and Lewandowski, 2008; Katsev and
Dittrich, 2013).

Katsev et al. (2006) showed that short- and long-term P release and
retention need to be considered separately because processes control-
ling P release on daily and seasonal time scales are different from
processes controlling P burial and recycling on long-term time scales.
For instance, while P released from freshly deposited organic matter
may be temporarily prevented from re-entering overlaying water
column by P sorption on Fe oxyhydroxides in surface sediment as
classical Mortimer (1942) study suggests, this does not necessarily
control P release on the long-term time scales because eventual burial
of P enriched layers in anoxic sediment may result in complete dis-
solution of Fe oxyhydroxides and release of P (Katsev et al., 2006). On
the other hand, desorption of P from Fe oxyhydroxides may increase
pore water P concentration and consequently, saturation state in re-
spect to stable P phases such as vivianite or Ca-phosphates thereby
promoting permanent P sequestration (Katsev et al., 2006). Especially
in case of shallow oxygenated lakes, where costly and extensive efforts
to reduce of external P loading have yielded only modest improvements
of water quality, a role of sediment in P cycling on both short- and long-
term has been underestimated. This is important oversight because
nutrient reduction strategies in any watershed necessitate comprehen-
sive understanding of the amount and long-term mobility of the diag-
enetically reactive sediment P to better assess external load reduction
needs.

The Bay of Quinte is representative of many shallow eutrophic
systems across the world, with a long history of eutrophication and
associated legacy of highly organic, nutrient rich sediments. Presently
the Bay is showing a delayed recovery following an extended period of
intensive external P loading reduction (Minns et al., 1986; Minns et al.,
2011; Kim et al., 2013). This water body develops annual blooms of
potentially toxic cyanobacteria (Shimoda et al., 2016). Despite a rapid
flushing rate (4–5 times/year, Shore et al., 2016) and drastically re-
duced P inputs (> 90%) for over three decades, Minns et al., 2011),
summer surface water TP concentrations are persistently elevated
(45–50 TP μg/l, Shimoda et al., 2016). The failure of the intensive re-
storation efforts reflected in a persistent harmful algal blooming in-
itiated a suite of modelling studies, which aimed to understand P bal-
ance in this system (Kim et al., 2013; Arhonditsis et al., 2016). The
modelling studies proposed that sediment might provide a hitherto
underestimated internal P source. This conclusion based on mass bal-
ance modelling, is surprising from a geochemical perspective. Firstly, as
a hard water lake system, the Bay of Quinte would be expected to be
less prone to internal P loading due to presence of permanent P sinks in
the form of Ca‑carbonates and Ca-phosphates in hard-water environ-
ments (Dittrich and Koschel, 2002). Secondly, oxygenated bottom wa-
ters are associated with presence of iron oxyhydroxide barrier in surface
sediments suppressing diffusive P fluxes (Katsev et al., 2006; Hupfer
and Lewandowski, 2008; Katsev and Dittrich, 2013). Thirdly, short
hydraulic residence time would suggest prompt response to external
loading reduction (Katsev, 2017). Despite international prominence of
this area as the officially listed Area of Concern (AOC) under the bi-
lateral agreement on the Great Lakes water quality between the United
States and Canada, sediment P diagenesis has not been investigated and
consequently, the mechanisms of diagenetic recycling and sequestra-
tion are not understood. The details of the sediment P release have so
far been deduced from water column P concentration measurements
and whole lake nutrient budget models. Consequently, the chemical
speciation of sedimentary P, the size and composition of diagenetically
mobile P pool and its transformation and mobilization pathways remain
unknown.

Against this background, our study was setup to test the hypothesis
that diagenetic P recycling in shallow hardwater lakes may persist for
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several decades, despite oxygenated water with short renewal time, as
well as steep and prolonged reduction of external P inputs. We tested
the premise that reducing conditions mobilize labile P forms (Fe bound
P and organic P) temporarily stored in diagenetically active and organic
rich shallow sediment. Furthermore, we hypothesized that diagenetic
transformation of labile P forms during burial leads to authigenesis of
inert Ca-P phases which drives the long-term sediment P retention.

We used a multifaceted approach, combining a comprehensive
multiyear study of sediment P binding forms, recent sediment strati-
graphy and accumulation, measurements of dissolved oxygen uptake,
redox potential and pH across the sediment-water interface and depth
profiles of nutrient and metals concentrations in pore water. Our study
had the following objectives: 1) Estimate and compare short-term dif-
fusive P fluxes during consecutive summer seasons in three limnologi-
cally different basins of the large and shallow embayment. 2) Quantify
long-term P diagenetic release and retention and the size of temporarily
stored P binding pools. 3) Clarify the factors controlling P diagenesis
and delineate the underlying mechanisms behind long-term sediment P
release and retention, which involves P sorption/desorption, authi-
genesis, organic matter mineralization and cumulative diagenetic re-
distribution between labile and inert P forms. Our findings emphasized
that diagenetically reactive sediment P pool needs to be explicitly
considered in any lake nutrient management strategy even after dec-
ades of successful external nutrient control measures and we believe
that example presented here will be of relevance to many similar sys-
tems worldwide.

2. Methods

2.1. Site description

The Bay of Quinte is a eutrophic, Z-shaped embayment on the
northern shore of Lake Ontario. The bay is narrow, with a total length
of 64 km, a maximum width of 3.5 km and a surface area of 254 km2

(Fig. 1). Glacial scouring of pre-glacial river valleys sculptured a series
of connected basins that gradually increased in depth from ~2m mid-
channel near Trenton to ~60m near Amherst Island, where the bay
meets the Kingston basin of Lake Ontario (Sly, 1986).

The watershed of the Bay of Quinte is ~70 times its surface area and
covers ~18,000 km2. The major tributaries are the Trent River, Wilton
Creek, and the Moira, Salmon and Napanee rivers, all of which enter the
upper and middle section of the bay along the northern shore. The
geology of the watershed consists of igneous and metasedimentary

rocks of the Precambrian Canadian Shield in the north (Trent, Moira
and Napanee rivers headwater region) and extensive Paleozoic clayey
limestone bedrock with thin overburden formed by glacial till and
glacio-lacustrine sand and clay deposits (Sly, 1986; Armstrong and
Dodge, 2007). Due to prevalence of carbonate bedrock, the Bay of
Quinte water is well buffered with the alkalinity of the lake water
~100mg CaCO3 equivalent and typical pH ranges between 8.0 and 8.5
(see compilation dataset from Currie and Frank, 2015).

Extensive forest clearance and intensive agriculture, compounded
by population growth in the Bay of Quinte watershed since the mid-
19th century, resulted in progressive eutrophication of the upper bay,
which was eutrophic as early as the 1920s (Warwick, 1980; Stoermer
et al., 1985). Cultural eutrophication processes are particularly severe
in the upper and middle Bay of Quinte, where most of the population
lives and where all major tributaries discharge.

In this study, three sampling sites located in the upper and middle
bay were chosen based on trophic status and beneficial use impairment.
The Belleville site (station B, 44°9′15″ N, 77°20′45.00″ E; maximal
water depth (Zmax) 4.6 m) is located offshore from the city of Belleville,
~2 km from the mouth of the Moira River, and along with the Hay Bay
site, it is one of the federal long-term monitoring sites. It is assumed to
represent the conditions in the upper bay (Currie and Frank, 2015). The
Napanee site (station N, 44°10′49.00″ N, 77°2′25″ E; maximal water
depth 5m) is located offshore from the town of Deseronto, proximal to
the mouth of the Napanee River. Station N represents a transitional
zone between the upper bay and the middle bay. The Hay Bay site
(station HB, 44°6′25.00″ N, 77°1′51″ E; water depth 15m) is the middle
bay site located south of Ram Island in Hay Bay.

2.2. Sediment sampling

Samples were collected from the three stations, B, N and HB, using a
gravity corer (UWITEC, Austria) and polycarbonate core liners 5.5 cm
in diameter and ca. 70 cm in length. Sampling times are shown in Table
S1. Six to seven cores per station were collected during each sampling.
The sediment cores were sealed and transported to the laboratory in a
thermo-isolated box for storage at ~4 °C.

In the laboratory, the cores were first logged prior to sectioning to
differentiate the sedimentary layers, then sectioned for the analysis of P
binding forms, metal contents in P fractions, porosity, dry weight, total
organic matter and dissolved substances.

Fig. 1. Sampling location for three stations in the Bay of Quinte.
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2.3. Chronology and sedimentation rates

One sediment core per site was sliced into 1 cm intervals for dating,
by Flett Research Laboratory (Winnipeg, Canada), using the 210Pb
method. Lead-210 was measured as 210Po by alpha spectrometry in
sample residue after digestion in nitric acid. Prior to digestion, samples
were first spiked with a Po-209 to monitor the yield. The background
210Pb activity was determined from 226Ra activity by 220Rn emanation
analysis using the method by Mathieu et al. (1988). The depth profiles
of excess 210Pb activity were calculated by subtracting background
210Pb from the total 210Pb activity (expressed hereafter in disintegra-
tions per minute per g, or DPM/g). The sediment age-depth relationship
and mass accumulation rates were calculated using this accumulated
excess 210Pb activity and measured dry bulk density (dry weight per
volume of wet sediment), assuming the constant rate of supply (CRS)
model (Appleby and Oldfield, 1978).

2.4. Depth profiles of dissolved O2, H2S, pH and redox potential

Dissolved oxygen (DO), H2S, pH and redox measurements were
carried out ex situ onshore, immediately after sampling using micro-
electrodes, on at least one core per site. Vertical profiles of O2, H2S, pH
and redox were measured simultaneously from the overlying water into
the sediment, by lowering microelectrodes mounted on a stand fitted
with a Vernier caliper.

Each oxygen, sulfide, pH, and redox profile presented hereafter re-
presents the average of replicate measurements from the same sediment
core. The standard deviation of repeated oxygen and pH measurements
was<5%, while it was< 10% for H2S and redox measurements.

2.5. Phosphorus binding forms

We extracted sediment P binding forms using P fractionation tech-
nique adapted from Psenner and Pucsko (1988), with modifications by
Hupfer et al. (2009). This technique separates sediment P into the fol-
lowing fractions: (a) loosely adsorbed (labile) P (extracted with NH4Cl,
NH4Cl-P); (b) redox-sensitive P bound to Fe and Mn oxyhydroxides
(extracted with bicarbonate dithionite (BD), BD-P); (c) P bound to hy-
drated oxides of aluminum, clays (extracted with NaOH, NaOH-SRP);
(d) organic bound P (extracted with NaOH, NAOH-NRP); and (e) cal-
cium-bound P (HCl-P) (extracted with HCl) f) refractory P (Ref-P)
(Hupfer et al., 1995; Hupfer et al., 2009). These sediment P fractions
are operationally defined, i.e., each fraction is defined by an extraction
solution representing specific pH and redox conditions and therefore
incorporates a diverse pool of P chemical species, e.g., NaOH-SRP re-
presents a pool of P species exchangeable with hydroxyl ion, which
includes P sorbed on Al hydroxides, clays and non-reducible inorganic P
compounds soluble at elevated pH (Fe and Al hydroxyl-phosphates)
(Lukkari et al., 2007; Hupfer et al., 2009). During each extraction step,
metal ions associated with specific P phases are mobilized in addition to
targeted P species. These metal(-oid) pools associated with P fractions
provide additional insight into P composition and its diagenetic trans-
formation (e.g., Lukkari et al., 2007; Norton et al., 2008). Thus, in this
study, we analyzed the content of Fe, Al, Ca, Mn, Si in each P fraction.

2.6. Porosity and total organic carbon and organic nitrogen

Sediment water content was measured by drying at 105 °C for 60 h.
Loss on ignition (LOI) was calculated as the loss of weight during ig-
nition at 550 °C for 4 h. The total carbon has been estimated as
OC= LOI550/2.5 (i.e., assuming organic matter composition as CH2O,
Burdige, 2006). Dry weight (water content), porosity (calculated using
moisture loss during drying), and loss on ignition represent the average
of two samples from the same layer.

In addition to organic matter estimation using loss on ignition, or-
ganic C and N in freeze-dried surface sediments from August 2014 and

October 2014 were analyzed by CN628 elemental analyzer (LECO
Instruments ULC, Canada).

2.7. Pore water sampling

Pore water was extracted using passive in situ samplers, or peepers.
Each custom-made peeper consisted of a Plexiglas base plate body with
sampling wells and one face plate of high-density polyethylene (HPDE)
held together with stainless-steel screws and washers. The distance
between sampling wells was 1 cm. STERLITECH Polyethersulfone dia-
lysis membrane (pore size: 0.20 μm) was placed between the base plate
and the face plate. Peeper chambers (sampling wells) were filled with
deionized water and purged with N2. The peepers were kept in oxygen-
free (N2 purged) Plexiglas chambers prior to deployment in the field. At
each station, duplicate peepers were used.

The equilibration time was 1 to 2 weeks (see Table S1). Upon re-
trieval, pore water was immediately syringed and divided into separate
vials for analysis of dissolved cations, NH4

+, SO4
2− and soluble re-

active phosphorus (SRP). Samples were preserved following standard
guidelines U.S. EPA (1982).

2.8. Chemical analyses of P fractions and pore water

The concentrations of major elements (P, Fe, Al, Ca, Mn, Si) in P
extraction pools and of P in pore water samples collected during
2013–2015 were measured by Inductive Coupled Plasma Mass
Spectrometry (ICP-MS) at Water Quality Center, Trent University.

Metals (Fe, Al, Ca, Mn, Si) and SRP from samples collected during
May and August 2015 sampling were analyzed using ICP-MS at Trent
University. Pore water samples collected on other dates during 2014
and 2015 were analyzed at the University of Toronto: SRP was analyzed
using Ascorbic Acid-Molybate spectrophotometric assay, while cations
(Fe, Al, Ca, Mn, Si) were analyzed using Agilent Inductive Coupled
Plasma Atomic Emission Spectroscopy (ICP-AES).

SRP, Fe (II) and NH4
+ in pore water samples collected during 2016

were analyzed at the University of Toronto using the micro-spectro-
photometric methods described in detail in Laskov et al. (2007).

Samples were run in triplicate and the relative standard deviation
for different measured variables was under 10%. The data quality as-
surance and control was ensured through the use of standard proce-
dures, including method blanks, and spiked and blind reference sam-
ples. Standard reference samples were used to cross-calibrate
measurements using different methods.

2.9. Potentially mobile P

The depth profile of sediment P commonly shows downward de-
crease, with maximum P concentrations in the surface layers and con-
stant concentrations in deeper layers (see compilation of sediment P
profiles of different lakes, Carey and Rydin, 2011). The depth at which
there is no changes in P concentration with depth (gradient equals 0)
represents the stabilization depth of P, beyond which the remaining P is
assumed to be permanently buried (see illustration in Fig. S1). The
stabilization of diagenetic processes depends on a number of factors,
including sediment accumulation (burial) rate, dynamics of external
inputs, and internal P recycling and physical processes (resuspension,
bioturbation, sediment focusing) (Søndergaard et al., 2003). Solid P in
surface sediment exceeding P concentration at stabilization depth can
be assumed to be mobile and to represent the temporary sediment
storage expressed as the mass of P per m2 (e.g., Rydin, 2000; Carey and
Rydin, 2011; Rydin et al., 2011; Malmaeus et al., 2012; Puttonen et al.,
2014; Hupfer and Lewandowski, 2005). This potentially mobile P was
calculated following the method described in Rydin et al. (2011):

∑= ∆
=

P C ρ xmobile i

n
i i i1 (1)
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where ΣΔCi represents the sum of differences between the measured P
distributed in different binding forms at stabilization depth and each
layer i above it, ρi is dry bulk density, and xi represents the thickness of
each layer. We performed this calculation for all P fractions by sub-
stituting the sum of the fractions with concentrations of a particular
fraction, and thus identified the P binding forms that contribute to P
release and represent the mobile P pool.

2.10. Short-term and long term P release calculation

In this study, sediment P fluxes were calculated using two in-
dependent methods: (i) short-term P release which reflects pore water
diffusive flux (JSRP), calculated using Fick's first law, and (ii) long-term
P release assessed from concentrations of sediment P binding forms and
the known age-depth relationship (e.g., Hupfer and Lewandowski,
2005). The former method represents in situ P release at the time of
sampling and reflects seasonal and spatial variations of physical and
biogeochemical processes (e.g., Lewandowski et al., 2002;
Lewandowski and Hupfer, 2005). On the other hand, the release rate
calculated using the second method represents long-term multi-sea-
sonal recycling of sedimentary P.

The SRP diffusive flux was calculated from concentration gradients
across SWI using Fick's first law (Berner, 1980):

=
∂

∂
J D

φ
θ

C
xSRP sw 2 (2)

where φ is the porosity, ∂C represent SRP concentration, ∂C/∂x re-
present concentration gradient in the depth interval over which

gradient is calculated (uppermost 1-2 cm), and θ represents the tortu-
osity, or the degree of deviation around particles; θ2 factor was calcu-
lated using the empirical relationship θ2= 1− ln (φ2), where φ is
porosity (after Boudreau, 1997), and Dsw is a molecular diffusion
coefficient of PO4 in the pore water, assuming ambient hypolimnion
temperature (values after Boudreau, 1997).

While diffusive flux calculation based on Fick's first law does not
account for a number of factors affecting sediment P fluxes, including
advection and bioturbation, the diffusive P release fluxes are an im-
portant tool for the estimation of internal loading, and have been used
in a number of studies (e.g., Dittrich et al., 2013; Tammeorg et al.,
2015).

To constrain the long-term P dynamics we also estimated gross P
release rates using the difference between P accumulation at the sedi-
ment surface and P burial at its stabilization depth (e.g., Rydin et al.,
2011; Dittrich et al., 2013). This difference between surface and deep
sediments reflects the pool of temporary stored sediment P and extent
of long-term P retention, which is controlled by sediment biogeo-
chemical and mineralogical composition, accumulation and diagenesis.
Sediment composition and accumulation also reflect local tributary
inputs, watershed geology and land-use patterns, which are often site
and lake specific (e.g., Dittrich et al., 2013).

The accumulation rate of P was estimated from bulk sediment ac-
cumulation and P concentration in the surface layer. The P burial was
calculated using the sedimentation rate and P concentration at the
stabilization depth. The average P release rate was calculated by sub-
tracting the burial of P from estimated P accumulation (e.g. Hupfer and
Lewandowski, 2005; Rydin et al., 2011; Dittrich et al., 2013; Puttonen

Fig. 2. The pH and redox potential profiles at the sediment-water interface: station B (top row), station N (middle row) and station HB (bottom row).
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et al., 2014). In the same manner, P release was calculated for each
fraction to identify the P binding forms that contribute to release, burial
or both.

= × − ×P C U C Urelease s s0 0 (3)

where C0 and Cs represent P concentration (expressed as mg/g in se-
diment dry weight) in the topmost layer and at the stabilization depth,
respectively (for each fraction as well as the sum of them), while U0 and
Us represent the dry sediment accumulation rate (in units g/cm2/yr) at
the sediment surface and burial rate at the stabilization depth, respec-
tively.

In addition, we estimated the intra-basin P retention capacity (or
burial efficiency) using the ratio between P release and burial rate
obtained from the sediment P depth profiles and estimated sediment
accumulation rates (Ingall and Jahnke, 1994).

2.11. Calculation of mineralization rates

The degradation of organic matter in sediments proceeds through a
variety of microbial processes, arranged as a “redox cascade” of reac-
tions with decreasing energy yield (e.g., Burdige, 2006). Oxygen is the
preferred oxidant, used simultaneously in aerobic organic matter de-
gradation and also in the oxidation of reduced products of anaerobic
organic matter degradation processes (e.g. manganese, iron or sulfate
reduction). Hence, O2 is the ultimate electron acceptor, and sediment
oxygen uptake has often been used as a proxy for total organic matter
degradation (e.g., Jørgensen, 1982; Maerki et al., 2009; Li et al., 2012).

Oxygen uptake, however, does not account for processes that

produce inert compounds such as the denitrification of nitrate to inert
dinitrogen, or processes that permanently bind a portion of reduced
metabolic by-products such as the diagenetic precipitation of iron sul-
fides. Denitrification is typically limited by concentrations of
NO3+NO2, which are generally low in the Bay of Quinte, reaching
values near the detection limit toward the end of summer (Currie and
Frank, 2015). Thus, we can assume that the denitrification pathway
plays a minor role in the total sediment carbon mineralization in this
waterbody. Similarly, as sulfate reduction in freshwater sediments is
restricted by the low sulfate concentrations, the relative contribution of
sulfate reduction and organic matter degradation due to iron sulfide
precipitation of can be assumed to play relatively minor role.

Sediment oxygen uptake was calculated from O2 concentration
gradient across SWI using Fick's first law:

=
∂

∂
J D

φ
θ

C
xO sw2 2 (4)

where φ is the porosity, ∂C is the O2 concentration, ∂x depth interval
over which gradient is calculated (exact depth varied between 1 and
3mm), θ represents the tortuosity, or the degree of deviation around
particles; θ2 factor was calculated using the empirical relationship
θ2= 1− ln (φ2) (after Boudreau, 1997), and Dsw is a molecular diffu-
sion coefficient of O2 in the pore water, assuming ambient hypolimnion
temperature (values after Boudreau, 1997).

Similarly, diffusive fluxes of NH4
+, SO4

2−, reduced iron and man-
ganese were calculated from their respective measured concentration
gradients in pore water. The depth interval used for calculation of
concentration gradient was the top 1-2 cm. Diffusion coefficients for

Fig. 3. DO and H2S concentrations at the sediment-water interface: station B (top row), station N (middle row) and station HB (bottom row).
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respective ions correspond to ambient temperature freshwater esti-
mates after Boudreau (1997).

Sediment oxygen uptake reflects the total organic matter miner-
alization rate and represents the sum of denitrification (Rdenit), oxic
(Roxic) and anoxic (Ranoxic) pathways (Maerki et al., 2009):

= + +R R R Rtotal oxic denit anoxic (5)

Due to low lake water NO3+NO2 concentration in the Bay of
Quinte (Currie and Frank, 2015), the denitrification mineralization
pathway likely plays a minor role in the total sediment carbon miner-
alization, which is assumed to be equal to the oxygen uptake, while the
contribution of specific mineralization pathway was calculated as a
product of diffusive fluxes and the relevant stoichiometric factors of the
particular metabolic reaction described elsewhere (Burdige, 2006;
Maerki et al., 2009):

= = +R J R Rtotal O2 oxic anoxic (6)

= × + × + × + × = ×+ + −J J J J ε JR 1
4

1
2

2 2Fe Mn SO CH C N NHanoxic :2 2
4

2 4 3

(7)

where εC:N represents the measured molar ratio of organic C:N in the
surface sediment (upper 2 cm) and used to estimate total anaerobic
organic matter mineralization (Maerki et al., 2009), and JFe2+, JMn

2+,
JSO42−, JCH4, JNH3 are fluxes of iron (II), manganese (II), SO4

2−,

methane and NH4
+. Note that the calculated oxygen uptake and fluxes

of other solutes should be considered minimum estimates, as they are
likely lower than actual rates, because diffusion is assumed as the sole

Fig. 4. Pore water SRP concentration across the sediment-water interface:
station B (top), station N (middle) and station HB (bottom).

Fig. 5. Diffusive P fluxes (column) and the ratio between organic carbon de-
gradation and phosphorus release (mol:mol) from sediments (stars): (a) station
B, (b) station N and (c) station HB.

Fig. 6. Concentrations of Fe in the water overlaying sediments and pore water:
(a) station B, (b) station N and (c) station HB.
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transport process. In shallow water bodies like the Bay of Quinte, os-
cillating redox conditions due to physical mixing of sediments likely
contribute significantly to the transport of oxygen and dissolved sub-
stances across the sediment-water interface (Aller, 1994).

2.12. Statistical analysis and geochemical speciation modelling

The relationships between P and metals measured in P binding pools
were assessed using scatter matrix plots, and pairwise Pearson corre-
lation coefficients. A two-tail test of significance was used, and corre-
lation significance was assessed at the 0.05 level. Results significant at
these P values are highlighted. Calculations were performed using
software Origin 2017.

The saturation state of apatite (Ca5(PO4)3(OH)) and vivianite
(Fe3(PO4)28(H2O)) in lake water and pore water ion activities and sa-
turation indices were calculated from measured water chemistry, pH
and redox potential using PHREEQC version 3 (Parkhurst and Appelo,
2013). Estimation of pore water saturation state with respect to mi-
nerals (apatite and vivianite) was carried out assuming the equilibrium
of solution species at an ambient temperature of 20 °C.

3. Results

3.1. The pH, redox potential, DO and H2S at SWI

At all stations, the pH values in the overlying water and sediment
were circumneutral to slightly alkaline (Fig. 2). The general decreasing
trend from the overlying water toward sediment was interrupted by the
distinct pH peaks, present at or near the SWI. These transient peaks
were followed by a monotonic decrease with depth.

The redox potential (Eh) in the overlying water was between
200mV and 600mV and decreased rapidly below SWI, reaching
minimum values of 0–100mV at 5–6 cm below SWI. The lowest Eh
values were in September 2015 at stations B and N (−100mV and
50mV, respectively), while comparable minimum values at station HB
were observed in August 2015 and 2016 and September 2016.

DO concentrations in the water overlying sediment were in the
range of 2–6mg O2/l. Thus, bottom water was overall oxygenated ex-
cept for the August 2015 measurement at station HB, which met the
criteria for hypoxia (DO<~2mg O2/l). All stations DO show very
steep gradients across SWI with sediment anoxia below 2–3mm (Fig. 3
and Fig. S2). These steep concentration gradients led to high oxygen
uptake (8–13mmol/m2/d, 3–11mmol/m2/d and 7–14mmol/m2/d at

stations B, N and HB respectively, Fig. S2).
Total sulfide was measured during summer 2016. In August 2016,

sulfide was detected at SWI at a single station, HB, where it increased
rapidly with sediment depth to a maximum concentration of 528 μg S/l.
In September 2016, sulfide was detected at all stations, with con-
centrations again increasing with depth up to 224, 92 and 480 μg S/l at
stations B, N and HB, respectively.

3.2. Pore water SRP and diffusive P fluxes

At all stations, the SRP concentrations in the overlying lake water
ranged between 0.02 and 0.2 mg P/l (Fig. 4). Interstitial SRP con-
centrations at station B increased rapidly with sediment depth to
0.8–5.1mg P/l. In August and September 2015, this increase was fol-
lowed by a reverse trend below 6 cm and 12 cm, respectively. The
benthic diffusive P fluxes showed considerable temporal variability,
with the highest values in August 2014 and August 2015 (6.5 mg P/m2/
d and 5.9mg P/m2/d, respectively) and the lowest values in September
2015 (1mg P/m2/d) (Fig. 5).

From minima at the SWI, the pore water SRP concentrations in-
creased rapidly with depth up to 3.7mg P/l (August 2014) at station N,
followed by a decrease with depth (Fig. 4). The benthic P fluxes were
highest in August 2014 and August 2015 (3.8 mg P/m2/d and 3.4mg P/
m2/d, respectively), while the lowest values were in September 2015
(1.8 mg P/m2/d) (Fig. 5).

The pore water SRP concentrations at the deepest station HB were
markedly lower than at the other two stations, with a maximum SRP of
2.2 mg P/l measured in September 2015 (Fig. 4). Following a positive
gradient in the topmost 10 cm, SRP concentrations were fairly constant
with depth, except in August 2015 and August 2016, when a decrease
with depth was observed. The temporal variability of benthic P fluxes
was also considerably smaller at HB compared to the other two stations,
with maximum and minimum SRP fluxes of 1.8mg P/m2/d and 3.0mg
P/m2/d in August 2014 and September 2016, respectively (Fig. 5).

The ratios between SRP release and organic matter degradation
rates (estimated using oxygen uptake) were used to calculate the C:P
flux ratios (Fig. 5). In August 2014 and 2015 at station B, August 2014
at station N and August 2015 and September 2015&2016 at station HB,
these ratios were 2–3 lower than the Redfield ratio (molar ratio
C:P=106, Redfield et al., 1963), which would be expected if organic
matter was the sole pool of P. On other dates, the ratios were close to
the Redfield value or higher (up to 200).

Table 1
Sediment oxygen uptake, fluxes of Mn2+, Fe2+, SO2+

4 , NH4
+ and organic matter degradation rate (anaerobic and total).

Station JO2 (Stand. Dev.) JMn
2+ JFe2+ JSO4 JNH4 POC:PON Average Ranaerobic

⁎⁎ R total

[mmol ∗m−2 ∗ d−1] [mmol C ∗m−2 ∗ d−1]

B 8.7
(2.5)

−0.127
(0.048)

−0.068
(0.061)

0.293–0.564 0.451–1.223 8.3 3.74–10.1 8.7±2.5

N 7.8
(3.1)

0.076 (0.054) −0.050
(0.018)

0.441–0.484 0.586–0.831 8.2 4.80–6.81 7.8±3.1

HB 8.8
(3.5)

0.033
(0.002)

−0.031
(0.015)

0.595–0.881 0.785–0.791 9.5 7.51–7.57 8.8±3.5

Table 2
P accumulation and retention. Note that potentially mobile P is assumed to be a sum of NH4Cl-P, BD-P, NaOH-SRP, NaOH-NRP (Fig. 9).

Site Paccumulation

[g/m2/yr]
Pburial
[g/m2/yr]

Retention total P
[%]

Potentially mobile
Paccumulation

[g/m2/yr]

Potentially mobile
P retention
[%]

Station B 1.31 (±0.25) 0.74 (±0.07) 58 (±13) 0.92 (± 0.22) 41 (± 7)
Station N 1.26 (±0.24) 0.76 (±0.05) 62 (±13) 0.96 (± 0.18) 35 (± 13)
Station HB 1.69 (±0.48) 0.98 (±0.06) 61 (±15) 1.2 (± 0.34) 39 (± 7)
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3.2.1. Pore water chemistry and organic matter mineralization rates
Below SWI, Fe2+ increased rapidly with the lowest values present in

the top 1 cm (0.6–1.8mg Fe/l, 0.5–1.5 mg Fe/l and 0.09–0.7mg Fe/l, at
stations B, N and HB, respectively, Fig. 6). The overall highest con-
centrations were measured at station B (up to 14mg Fe/l in August
2014), while at stations N and HB the maximum values were 5mg Fe/l
and 3mg Fe/l, respectively (Fig. 6).

The pore water Fe:SRP ratios, which reflect the sediment's capacity
to retain P (Smolders et al., 2001), were generally< 1, with the ex-
ception of the topmost layers (top 1–3 cm), where they reached up to 30
(August 2016) (Fig. S3). These sharp shifts of Fe:SRP ratios near the
SWI are indicative of rapid Fe oxidation and P sorption on iron

oxyhydroxides. The flux of Fe2+ across SWI at station B varied between
0.7 mg Fe/m2/d and 7.7 mg Fe/m2/d compared to 1.1–4.2mg Fe/m2/d
and 0.5–2.5 mg Fe/m2/d at stations N and HB, respectively (Fig. S3).

Organic matter degradation rates were calculated from sediment O2

uptake using DO measurements (Table 1; see Table S3 for individual
dates) and were on average 8.7, 7.8 and 8.8mmol C/m2/d at stations B,
N and HB, respectively.

3.3. Phosphorus binding forms

At station B, the average total P decreased with depth from
1.84 ± 0.29mg/g P d.w. in the surface sediments to 1.34 ± 0.29mg/
g P in the deepest layer (Fig. 8c). The dominant binding forms in the
surface sediments were HCl-P and redox-sensitive BD-P, which con-
tributed on average 28% and 25%, respectively (Fig. 8b). The relative
contribution of HCl-P increased downcore to 44% in conjunction with
the decline of the BD-P to 17%–20% in the deepest sediment layers
(Fig. 8j).

The average total P at station N decreased downcore from
1.71 ± 0.30mg/g P d.w. in the surface sediments to 1.30 ± 0.30mg/
g P d.w. in the deepest layer (Fig. 8f). The dominant binding forms in
the surface sediments were BD-P and NaOH-SRP with 28% and 27% of
the total P, respectively (Fig. 8k). The relative proportion of redox-
sensitive P decreased downcore from a maximum in the surface sedi-
ments of 28% to a minimum of 13% of the total P in the deepest se-
diment layer (Fig. 8k). At the same time, the relative content of HCl-P
grew from 24% of the total P in the surface sediments to 45% in the
deepest sediment layer (Fig. 8k).

Station HB showed the lowest average total P among the three
areas. The P content decreased with depth from 1.56 ± 0.40mg P/g
d.w. in the surface sediments to 1.17 ± 0.11mg P/g d.w. in the dee-
pest sampling interval (Fig. 8i). The redox-sensitive BD-P was the most
abundant binding form in the surface sediments, accounting for 30% of
the total P, closely followed by NaOH-SRP and Ca-bound HCl-P, which
both represented 22% of the total P on average (Fig. 8l). The redox-
sensitive P and NaOH-SRP decreased with depth from the highest
concentrations in the surface sediments (0.47 ± 0.20mg P/g d.w. and
0.35 ± 0.12mg P/g d.w, respectively) to a minima in the deepest
sampled intervals (0.23 ± 0.02mg P/g d.w and 0.15± 0.04mg P/g
d.w., respectively) (Fig. 8h). The contribution of HCl-P increased
downcore to a maximum of 45% of the total P (Fig. 8l).

The average molar ratios of organic C (see Fig. S4 and Fig. 8) to
organic P (defined here as a sum of NaOH-NRP and Ref-P fractions)
were consistently well above the theoretical Redfield ratio of 106
(Fig. 8c; f; i). At station B, the ratio varied between 750 and 850, while
at stations N and HB it ranged between 650 and 1500, and 650 and
1200, respectively (Fig. 8c; f; i).

3.3.1. Long term P release rates and diagenetically mobile P
Using the sedimentation rates (Fig. S5) and depth profiles of dif-

ferent P pools (Fig. 8), we estimated the potentially mobile P pool and
gross retention/release rates. Mobile P varied between 3.5 g/m2 at
station N and 4.7 and 5 g/m2 at stations HB and B. Binding forms that
constituted this pool include NH4Cl-P, BD-P, NaOH-NRP and NaOH-SRP
at stations B and HB, while at station N, contribution from NaOH-NRP
was minor compared to BD-P and NaOH-SRP (Fig. 9a).

The estimated rates of P release were similar at the two upper sites,
but they were significantly higher in the lower bay (1.5, 1.54 and
1.95mg P/m2/d at stations B, N and HB, respectively; Fig. 9b). BD-P
fraction was the dominant binding form driving P release at all stations,
followed by NaOH-NRP at station B, and NaOH-SRP at stations N and
HB. At the same time, P immobilization due to Ca-bound P formation
was 0.05, 0.16 and 0.17mg P/m2/d at stations B, N and HB, respec-
tively (Fig. 9).

The ratios of P burial vs. P accumulation (burial efficiency or re-
tention) at stations B, N and HB were 58%, 62% and 61%, respectively

Fig. 7. Concentrations of Mn, Ca, Si, SO4 and NH4 in the water overlaying se-
diments and pore water (August and September 2015–2016): (a) station B, (b)
station N and (c) station HB.
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Fig. 8. P fractions – all sampling dates (2013–2015). Average concentrations of P binding forms at station B (a, b, c), station N (d, e, f) and station HB (g, h, i) and
their relative distribution at station B (j), station N (k) and station HB (l). The molar ratio of organic carbon to organic P (defined as sum of Porg and Pref binding
pools): station B (c), station N (f) and station HB (i).
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(Table 2). The retention ratio for potentially mobile P (NH4Cl-P, BD-P,
NaOH-NRP and NaOH-SRP) was even lower with the values of
35%–40% (Table 2).

4. Discussion

4.1. Short- and long-term P release rates: the role of basins depths, land use
and benthic organisms

Overall, the results of this study provide important insight into P
sediment geochemistry in shallow eutrophic lake, which have im-
plications not only for P cycling in the Bay of Quinte, but to many other
shallow systems with a history of eutrophication. Short-term summer
diffusive fluxes obtained from pore water SRP concentration gradients
were 3.6 ± 2.5mg P/m2/day, 2.7 ± 0.8 mg P/m2/day and
2.3 ± 0.5mg P/m2/day for stations B, N and HB, respectively.
Manning (1996) estimated a diffusive P flux from the Upper Bay (sta-
tion B) of 1.34mg P/m2/day using pore water depth profiles from
September 1988 and 1989, while Sly (1990) estimated a flux of 9.3 mg
P/m2/day using benthic chamber measurements collected in summer
1987. Almost three decades later, our data indicate that benthic P fluxes
are still within the same order of magnitude.

In many shallow lakes, pore water SRP concentrations increase ra-
pidly and sustain elevated diffusive P fluxes following deposition of
organic matter originating from recent phytoplankton blooms
(Tammeorg et al. 2015 & 2016). Degradation of freshly deposited
biomass decreases redox potential in surface sediment below critical
value of 200mV which is thought to mark iron reduction zone and
coincide with the release of P adsorbed on ferric oxyhydroxides
(Tammeorg et al. 2015 & 2016). Furthermore, low redox potential and
anoxic conditions in surface sediment can stimulate microbial release of
polyphosphate, which in some lakes may account for large portion of
total P in sediment (Hupfer et al., 2004). In our dataset, redox potential
reached values below 200mV in the top 2 cm except in August 2014 (at
all three stations) and September 2015 (station HB) (Fig. 2). High dif-
fusive fluxes persisted also on sampling dates where surface sediment
redox potential was above 200mV (Fig. 5). On those dates it is possible
that sampling was conducted during resuspension events, with mixed or
bioturbated surface sediment, which can temporarily increase SRP

concentrations gradients, thereby increasing diffusive P fluxes, while at
the same time redox potential in physically mixed surface sediments
remains elevated as has been shown by Tammeorg et al. (2015 & 2016).

Short-term diffusive P release indicates seasonal contribution of
sediment P recycling to the lake budget which are very sensitive to
changes of physicochemical conditions (O2, pH and Eh), sediment
mixing and fresh sediment supply to the sediment water interface
(Jensen and Andersen, 1992; Katsev et al., 2006; Lewandowski et al.,
2007; Smith et al., 2011; Tammeorg et al. 2015 & 2016; Parsons et al.,
2017). Consequently, short-term P fluxes are not representative of the
long-term sediment P retention and release potential (Katsev et al.,
2006). On the other hand, the long-term P release (Fig. 9; 1.5, 1.54 and
1.95mg P/m2/d at stations B, N and HB, respectively) are indicative of
the long-term potential of sediment to release P. The long-term release
rates represent combined effect of multiple processes of sediment P
mobilization and diagenetic P transfers from labile to more stable solid
P forms integrated over periods of several years to decades. For

Fig. 9. Potentially mobile P in sediment (a) and P release (b). Note that P re-
lease is calculated as a daily rate to facilitate comparison with the diffusive
fluxes presented in the following section.

Fig. 10. Organic matter degradation rates versus P diffusive fluxes (a); P release
predicted (using Ppred=Rtotal/106) and P fluxes (b); diffusive fluxes of iron and
phosphate (c).
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instance, while temporal decrease of redox potential at SWI supports
release of P sorbed iron oxyhydroxides, a large proportion of mobilized
P is redistributed vertically within sediments and remains bound to
mineral phases (e.g., Wilson et al., 2010; Parsons et al., 2017). Solid
sediment P profiles and binding forms reflect these diagenetic trans-
formations and P deposition history, including changes of external
loading and land-use patterns (e.g., Hupfer and Lewandowski, 2005;
Dittrich et al., 2013). Hence, long-term P release represents the base
potential for sediment P mobilization, which reflects long-term trends
of P accumulation and burial. The size and mobility of sedimentary P
pool is essential for water quality management and needs to be con-
sidered in order to devise successful and sustainable P management
strategy and watershed P reduction targets.

At stations B and N, short-term diffusive P release was twice as large
as that of long-term diagenetic P release. This can be interpreted as a
short-term summer pulse of increased mobilization of labile P forms
(redox sensitive BD-P, organic P forms from fresh algal debris, e.g.
polyphosphate) in response to environmental conditions and phyto-
plankton dynamics, similar to observations in other shallow systems
like lake Peipsi (Tammeorg et al., 2015) and Cootes Paradise (Parsons
et al., 2017). In contrast to stations B and N, short-term diffusive P
fluxes at the deeper station HB were only ~20% higher than long-term
P release estimated from sediment P profiles. This difference can be
interpreted in terms of basin depth and benthic community. As station
HB is considerably deeper than the two stations in the upper bay, set-
tling algal debris likely has more time to decay before reaching lakebed.
If this is true, at station HB, a substantial portion of labile P is likely to
be recycled in the water column before reaching sediment. In contrast,
stations B and N are shallow, with lakebed colonized by dreissenid
mussels (Nicholls et al., 2011). Filter feeding dreissenids can affect
particle deposition and P recycling through the ingestion of algal and
other debris and subsequent deposition of particles as faeces and
pseudofaeces (Howell et al., 1996; Ozersky et al., 2013; Mosley and
Bootsma, 2015). Manning (1996) showed that before dreissenid colo-
nization in the mid-90s a large proportion of suspended particles from
upper basins of the Bay of Quinte was exported downstream to Hay Bay.
While there are no recent estimates, Bailey et al. (1999) concluded that
their filtration capacity (0.1–10 days) far exceeded water renewal time,
effectively intercepting suspended algal particles and accelerating their
deposition - increasing carbon and P content of surrounding surface
sediment of the upper bay sites. At the same time, mussel respiration

depletes oxygen near lake bed (Ozersky et al., 2013) while their guts
and excreta represent anaerobic environments (Hecky et al., 2004),
affecting the cycling of redox sensitive elements. In turn, this may
mobilize redox sensitive P forms in surface sediment and likely con-
tributes to higher short-term diffusive P fluxes at stations B and N.

The Bay of Quinte system is shallow, and frequent wind-generated
mixing results in well oxygenated bottom waters at stations B and N
during illuminated periods (Currie and Frank, 2015). Well oxygenated
bottom waters are thought to preserve oxidized ferric microlayer at the
sediment interface which acts as a sorptive barrier for diffusive P flux
(Mortimer, 1942). However, considerable short-term diffusive fluxes of
dissolved P were found during study period, despite oxygenated bottom
water throughout most of the sampling dates (Fig. 3). Temporary
bottom water hypoxia and anoxia can potentially develop on a diurnal
basis, as a result of O2 depletion at night due to the sediment respiration
in the absence of photosynthesis and have been observed at the deeper
station HB (Currie and Frank, 2015; also during August 2015 in our
dataset), which could potentially increase anaerobic P mobilization.
However, short-term diffusive fluxes at this station were not higher
during sampled hypoxic periods, suggesting that hypoxia does not play
a major role in short-term P mobilization at this site. This is consistent
with recent reassessments of the role of hypolimnetic oxygen levels
(Katsev et al., 2006; Hupfer and Lewandowski, 2008; Katsev and

Fig. 11. Saturation indices (SI) of apatite in lake water and surface sediments
(August 2015 sampling). SI< 0 indicates undersaturation, SI > 0 indicates
supersaturation, and SI= 0 indicates equilibrium with respect to apatite.
Speciation calculations were performed using PHREEQC (Parkhurst and
Appelo, 2013).

Fig. 12. Molar ratio between reducible Fe and associated P: (a) station B, (b)
station N and (c) station HB. Molar Fe:P ratio is lower than 6.7, suggesting the
supersaturation of surface binding sites of ferrihydrite (Sigg and Stumm, 1981)
or the coprecipitation of metastable P-ferrihydrate assemblage, which has
maximum Fe:P ratio of 2:1 (Thibault et al., 2009), or both.

S. Markovic, et al. Chemical Geology 514 (2019) 122–137

133



Dittrich, 2013), which suggest that contrary to the traditional under-
standing of internal P loading, the oxygenation of lake bottom water is
only one of several factors that control P release, which is triggered by
both aerobic and anaerobic processes, in addition to sediment geo-
chemical characteristics.

4.2. The importance of organic matter mineralization and iron reduction

Two main groups of processes promote P release from sediments:
(1) the degradation of organic compounds, and (2) the desorption of P
associated with various mineral compounds (e.g., aluminum hydro-
xides, clays, calcite) and reductive dissolution of redox sensitive com-
pounds (e.g., iron oxyhydroxides) and subsequent release of associated
P. To quantify the former, we calculated overall organic C degradation
rates and compared them with short-term diffusive P fluxes. The ratios
of estimated organic carbon degradation rates and short-term diffusive
P fluxes are close to Redfield ratio, indicating that sediment P release is
strongly related to decomposition of organic matter (Fig. 10a, b).
Freshly deposited reactive organic matter has a C:P ratio that is gen-
erally assumed to be closed to 106:1, i.e., the Redfield ratio (Berner,
1977). While primarily representing stoichiometric nutrient relation-
ships in marine phytoplankton, the Redfield ratio of fresh organic
matter has been used in diverse aquatic settings including shallow
wetlands, estuaries and deep lakes as an approximation of depositional
flux of organic C and P (e.g., Ingall and Jahnke, 1997; Reed et al., 2011;
Parsons et al., 2017; Li et al., 2018). Since the degradation of freshly

deposited organic matter has significant impacts on regeneration of
organic P, close agreement between diffusive P fluxes and estimated
organic matter degradation rates indicates that short-term diffusive P
release is most probably driven by the seasonal peak in organic debris
accumulation, similar to other shallow eutrophic systems (e.g.,
Tammeorg et al., 2015; Parsons et al., 2017).

It is unlikely that all P liberated during organic matter mineraliza-
tion will reach the overlying water. P release rates are often lower than
predicted based on the organic matter mineralization rate (data below
Redfield line, Fig. 10). This could suggest that P is trapped before being
released from the sediment, either through scavenging by iron oxy-
hydroxides (e.g., Li et al., 2018) or as a result of authigenic mineral
precipitation (e.g., vivianite, apatite) (Slomp et al., 1996; Rothe et al.,
2015). Scavenged P represents labile pool vulnerable to microbial
mediated reductive dissolution of iron oxyhydroxides. Redox potentials
near sediment surface (< 5 cm depth, Fig. 2) are consistent with iron
reduction conditions (Sigg, 2000; Tammeorg et al., 2015) and this
shallow seated iron reduction zone leads to concurrent Fe and P release
and correlation between fluxes of two elements, at stations B and N
(Fig. 10). A similar correlation was not observed at station HB, how-
ever, despite low Eh values indicative of iron reduction in sediments
close to the SWI (Fig. 2). Narrow range of Fe and P fluxes at this site
(Fig. 5 and S3), indicates that system may be conducive to authigenic
precipitation of Fe(II)-P phase (vivianite), which is commonly identified
in organic rich lake sediments (e.g., Rothe et al., 2015). Indeed, cal-
culated SRP and Fe2+ activities indicate that pore water was largely
supersaturated with respect to vivianite (Fig. S6) throughout study
period.

4.3. P diagenetic transformations

Diagenetic processes are reflected in transfers between P binding
pools with sediment age which involved diagenetic remineralization of
BD-P, NaOH-SRP and NaOH-NRP and concurrent precipitation of Ca-
bound P with increasing sediment depth (Figs. 8, 9). While NaOH-SRP
is often considered inert and strongly coupled with redox insensitive Al
hydroxides (Kopáček et al., 2005), our results highlight the complex
nature of this binding pool (Lukkari et al., 2007) at least partially
composed of diagenetically reactive phases, which are remineralized
with sediment depth and thus contribute to P recycling (Figs. 8, 9).
Notwithstanding potential presence of reactive phases in this extraction
pool, Al hydroxides are also moderately soluble at pH>8 frequently
observed in Bay of Quinte sediments (Boström et al., 1982; Cooke et al.,
1993; pH range in Fig. 2), while their P binding capacity is reduced due
to ligand exchange reactions in which hydroxide ions replace phosphate
(Andersen, 1975; Lijklema 1976 & 1980). Furthermore, high Si con-
centrations in pore water likely promote competitive P desorption
(Fig. 7), because Si is preferentially bound to Al-hydroxide sorption
sites (Koski-Vähälä et al., 2001).

Concentrations of calcium-bound (HCl-P) increased with depth at
stations N and HB (Fig. 8), indicating a diagenetic sink switching from
labile forms (e.g., organic P and redox-sensitive P) to redox-stable HCl-
P. External input due to erosion of Paleozoic carbonate bedrock in the
watershed could represent one potential source of calcium-bound P.
However this is unlikely the cause of its increase with sediment depth
because in the time period covered by our sediment cores (Figs. 8, S4),
there was no drastic change of population density and land use in the
watersheds of these two stations. The spike in erosion linked to rapid
deforestation in the area ended by the late 1800s (Schelske et al., 1985).
On the other hand, it is possible that the applied extraction protocol
overestimates HCl-P due to precipitation of Ca-P phases in previous
NaOH step, as suggested by de Groot and Golterman (1990). The eva-
luation of extraction techniques by Hupfer et al. (2009), however, did
not show appreciable overestimation of Ca-P phases in natural calcar-
eous sediments with considerably higher carbonate content. This was
related to the presence of humic acids and the addition of EDTA, which

Fig. 13. (a) Molar ratios of Al vs. Fe against the sum of loosely sorbed (NH4Cl)
and redox-sensitive (BD-P) fractions, which are the most labile P forms.
Kopáček's dataset ratio cut-off is indicated as a red line. (b) Sediment molar
ratios of Al (associated with NaOH-SRP) vs. P[NH4Cl+ BD-P] against the sum
of loosely sorbed (NH4Cl) and redox-sensitive (BD-P) fractions. Kopáček's da-
taset ratio cut-off is indicated as a red line. Note that all ratios in (a) and (b)
represent surface sediments (upper 5 cm). (For interpretation of the references
to colour in this figure legend, the reader is referred to the web version of this
article.)
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form complexes with Ca and thus inhibit the precipitation of calcium
phosphates (Hupfer et al., 2009). Thus, we suggest that an increase of
Ca-bound P represents diagenetic immobilization (Ca-phosphate mi-
nerals precipitation, Dittrich and Koschel, 2002; Dittrich et al., 2011)
(Fig. 9a; Fig. 11).

Ca-phosphate authigenesis is indicated by sharp increases of Ca
concentrations in pore water compared to overlying lake water, re-
flecting either the dissolution of calcium carbonates or the desorption
from humic acid complexes due to decreasing pH in sediment (Gerke
and Hermann, 1992), or both. Furthermore, the presence of consider-
able amount of BD-P in deeper sediments (Fig. 8) undergoing con-
tinuous reductive dissolution is commonly understood to promote au-
thigenic Ca-P formation (Slomp et al., 1996). As a result of elevated Ca
and P concentrations, pore water is effectively supersaturated with re-
spect to apatite near the SWI (Fig. 11). While we did not measure in situ
pH in sediment deeper than 6 cm and thus cannot calculate saturation
indices, we hypothesize that increasing Ca concentrations with depth
(Fig. 7) along with higher P (Fig. 5) offset the likely pH decline.

4.4. Sediment P retention – role of Fe, Al and Ca

In lake sediments with sorption capacities dominated by iron oxy-
hydroxides, the ratio of Fe to P in sediment pore water is an indicator of
the capacity of the sediment to maintain an oxidized surface iron layer
as a barrier against P release (Smolders et al., 2001). If it is> 1–2, a
sufficient amount of iron is available in the sediments, which promotes
formation of the iron-coating layer at the SWI that suppresses internal P
loading. In our study sites, this ratio was generally< 1 (Fig. S3), which
suggests that the iron content in the sediments is not sufficient to pre-
vent P internal loading.

BD-Fe:BD-P ratios of redox-sensitive P binding pools reflect the
binding capacities of iron oxyhydroxides in sediment (Anschutz et al.,
1998). For example, surface binding sites of nanoscale ferrihydrate,
which is the phase with the highest binding capacity, are super-
saturated when this ratio is around 6.7:1 (Sigg and Stumm, 1981).
Higher ratios indicate spare binding capacity, provided that the sedi-
ment is composed solely of ferrihydrite, which is likely not the case, and
other phases with fewer binding sites may also be present. At station N,
BD-Fe:BD-P ratios were close to values indicating maximum sorption,
while at stations B and HB these ratios were higher (11.2,1) and lower
(6.4,1) than the theoretical maximum, respectively (Fig. 12). This
suggests that sediments are close to saturation, with limited capacity to
scavenge additional P.

In addition to reducible iron, sediment Al content is generally
thought to contribute to permanent (diagenetically stable) P retention.
Kopáček et al. (2005) showed that Al-rich sediments retain P due to
sorption on aluminum hydroxide [Al(OH)3], which is insensitive to
redox changes. In the Bay of Quinte surface sediments, Al:Fe and Al:P
ratios were generally lower than empirical cut-offs based on the
Kopáček et al. (2005) dataset (< 3 and<25, for Al:Fe and Al:P, re-
spectively, Fig. 13) suggesting that reductive dissolution of Fe (III)
oxyhydroxides carries a risk of internal P loading, while sediment
content of the redox-insensitive Al(OH)3 is too small to inhibit the re-
lease of P. While sink switching in surface sediment is ineffective to
prevent P release, relatively high pH in the Bay of Quinte sediment
limits the effectiveness of P sorption on Al(OH)3 and may lead to the
dissolution of some Al(OH)3, which is reflected in decreasing NaOH-
SRP concentrations with depth (see Fig. 8) and generally poor coupling
between P and Al (Section 4.3; Tables S4–S6).

In contrast to the lakes included in Kopáček et al. (2005) study, the
retention capacity of the Bay of Quinte sediments is maintained by sink
switching to HCl-P (Fig. 9) likely representing authigenesis of apatite
due to its supersaturation in pore water (Fig. 11). However, the mag-
nitude of P immobilization in HCl-P is< 15% of the long-term mobi-
lization of labile P forms (Fig. 9).

4.5. The magnitude of long-term P release and implications

Extrapolating the average long-term release rates across the entire
area of the three basins (80 km2, 18 km2 and 22.5 km2 for the Belleville,
Napanee and Hay Bay basins, respectively, Kim et al., 2013), we esti-
mate fluxes of 120 kg P/day, 25 kg P/day and 44 kg P/day for the
Belleville, Napanee and Hay Bay basins, respectively. These results are
on par with the P mass balance model delineations by Kim et al. (2013)
and Arhonditsis et al. (2016). For comparison, the sum of external P
inputs and transfers downstream from the upper reaches of the Bay of
Quinte are 206 kg P/day and 226 kg P/day for the Belleville and Na-
panee basins (Arhonditsis et al., 2016). This magnitude of sediment P
release, in combination with low retention, has important implications
for loading control, because rapid sediment P recycling tends to retain P
in the lake basin. In shallow lakes, sediment P release is amplified by
fast particle settling, which increases deposition of diagentically re-
active P phases in sediments and thus promotes subsequent internal
loading (Katsev, 2017). External P loading reduction elicits rapid lake
response if the hydrological residence time is short (Katsev, 2017), but
in systems with high sediment P recycling rates this quickly results in
the dominance of sediments as the nutrient source. The Bay of Quinte
eutrophication history demonstrates such behavior. In the early days of
P control, a large P loading reduction achieved an immediate, sig-
nificant decrease of the ambient P level, while the subsequent input
reductions were smaller and obeying the law of diminishing returns
have largely stabilized water column P levels in the past couple of
decades. Currently, P levels are largely maintained through intensive P
recycling in the sediment, contributing as much as 50% of the overall
external P inputs in the uppermost Belleville basin.

This study of the Bay of Quinte underscores the important role of
sediment P diagenesis in lake nutrient budgets and emphasizes the need
for investigations of sediment internal loading in lakes undergoing
nutrient management. Multiple approaches, including in situ mea-
surements and sediment P fractions, are required to cover different
areas of the lake and to capture seasonal variability over multiple years
in order to quantify this important flux (Matisoff et al., 2016; Orihel
et al., 2017). Furthermore, as sediment P recycling is ultimately fueled
by particle settling, which removes P from the water, sedimentation
rates obtained using sediment trap measurements or radioisotope
dating, or both, should constrain this P transfer.

5. Conclusions

In this study, we investigated processes that control sediment P
dynamics in a shallow hard water eutrophic lake experiencing drasti-
cally reduced external P inputs. We observed that despite well-oxyge-
nated bottom waters throughout most of the study period, short-term
diffusive P fluxes were considerable at all studied stations. Importantly,
our data show that significant P-flux occurs in shallow areas, with an
apparent discordance with concurrent measures of long-term P release
from the sediments. Not only do these results challenge the paradigm
describing sediment P release from shallow systems, but they also de-
monstrate that short-term measures cannot be extrapolated to long-
term estimates (and vice versa).

The mobilization of organic P moderated by sorption/desorption
processes coupled with redox-sensitive Fe cycling was found to be the
main contributor to internal P loading, while P immobilization was
driven by the precipitation of apatite (Fig. 11). Sediment P sorption
capacity was not enhanced by Al, due to the moderately alkaline pH
conditions reflective of carbonate bedrock in the watershed and ele-
vated Si concentrations in pore water, which promote competitive P
desorption. Sediment retention of deposited P was fairly low (~60% of
the total P) and even lower for labile P forms (35%–40%), indicative of
intensive diagenetic P recycling.

This intensive sediment P recycling has considerable implications
for the management of eutrophication in the Bay of Quinte, since this
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flux cannot easily be moderated. While any intervention to reduce P
release in the whole basin is likely prohibitive due to lake size, limited-
scope intervention to enhance existing processes of P sequestration in
hot spots may be cost effective (e.g., by adding Ca(OH)2 to promote the
ongoing precipitation of Ca-P phases, Dittrich et al., 2011). Sediment P
release appears to be driven largely by the degradation of recently
deposited organic matter coupled with desorption of Fe-bound P, im-
plying that sediments will continue to be a major source for the ex-
tended period of time. Surface sediments have a limited capacity to
bind any newly deposited P, which underscores the importance of
continuing efforts to control point and non-point sources of P in the Bay
of Quinte watershed.

Our findings suggest that internal P loading displays pronounced
temporal and spatial variability, which is at least partially driven by
organic matter flux to sediment, mineralogical and geochemical char-
acteristics of freshly deposited sediment. This emphasizes the im-
portance of the characterization of riverine P supply, i.e., the chemical
and mineralogical composition, and the mode and timing of sediment
delivery, particularly in lakes that experience persistent eutrophication
despite the reduction of point source inputs.
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Table S1: Sampling dates (2013-2016) 

 

Date (day.month) 

Year 2013 
  

2014 
 

2015 
 

2016 

Core 
sampling 13.8 25.2 21.5 21.7 20.10. 28.5 18.8 28.9 2.8 12.9 

Peeper 
deployment N/A 

24.2-
11.3 20.5-4.6 21.7-5.8 

20.10-
4.11 28.5-9.6 

11.8-
26-8 

28.9-
7.10 

27.7-
11.8 6-22.09 

 

 

1 Microsensor calibration and measurements 

Oxygen concentrations were measured using a Clark-type O2 microelectrode (Unisense OX50, 

Denmark). The electrode was calibrated with air-saturated deionized water (1 hour vigorous air 

bubbling in the Unisense calibration chamber) and zero reading obtained with O2-free sodium 

hydrosulfite solution. The pH electrodes (Unisense pH-N, Denmark) were calibrated with 

commercial pH buffers (pH 4, 7 and 9, HACH). The redox potential (reduction potential measured 

in mV) was measured with a Unisense redox electrode relative to Radiometer Analytical reference 

electrode. The offset between the reference electrode and standard hydrogen electrode potential 

was calibrated prior to measurement using freshly prepared quinhydrone redox buffers with 

defined redox potentials. 

The pore water H2S(g) was measured using a Unisense amperometric ferricyanide microsensor 

sensor. Since ferricyanide electrolyte is sensitive to light, it was calibrated in a darkened calibration 

chamber and all measurements were conducted in the dark. A three-point calibration in the range 

0 to 100 mol H2S was conducted using oxygen-free standards prepared from 10 mM Na2S stock 

solution. The sum of all sulfide species (total sulfide) was calculated from measured pH and H2S(g) 

using the theoretically predicted equilibrium relationship described in Jeroschewski et al. (1996). 

 



 

 

 

 

 

 

Table S2. Organic carbon and nitrogen in surface sediments (0-1 cm) 

Station/Date August 2014 C:N 
[mol:mol] 

October 2014 C:N 

[mol:mol] Organic C  

[mg/g d.w] 

Organic N  

[mg/g d.w] 

Organic C  

[mg/g d.w] 

Organic N 

 [mg/g d.w] 

B 116.5 15.85 8.6 118.5 17.2 8.0 

N 112.3 15.39 8.5 110.2 16.43 7.8 

HB 106 15.14 9.5 103 15.57 9.5 

 

 

Table S3. Calculated diffusive fluxes of Mn2+, Ca2+, Si, SO2+
4, NH4

+ 

 

Diffusive 

flux 

Sampling date Station B Station N Station HB 

mg/m2/day mg/m2/day mg/m2/day 

Mn August 2014 9.110179 8.34602 1.87101 

August 2015 7.68563 3.16521 1.94687 

September 2015 3.09724 1.22607 1.75151 

Ca August 2014 35.3822 63.43034 17.5023 

August 2015 55.47033 21.1578 12.01205 

September 2015 42.03239 11.52495 20.10117 

Si August 2014 86.52034 49.31821 42.68587 

August 2015 32.13593 25.56852 11.82812 

September 2015 18.36506 13.97167 11.91806 

SO4
2- August 2016 54.4715 42.64148 85.14228 

September 2016 28.32361 46.77082 57.4389 

NH4
+ August 2016 22.06332 15.00147 14.27879 

September 2016 8.14436 10.57621 14.17098 

 



2 Organic carbon mineralization rates  

Sediment oxygen consumption reflects aerobic organic matter mineralization as well as 

oxidation of reduced compounds (Fe2+, Mn2+, NH4
+) produced by anaerobic organic matter 

degradation processes. The contribution of Mn and Fe reduction appears to be minor, constituting 

up to ~1%-2% of the total organic matter degradation (Table 1 in the main text; Table S3). A 

slightly higher amount of organic C was remineralized through sulfate reduction (5%-10% of total 

degradation rates), leaving the fermentation processes (e.g., methanogenesis) as the main organic 

matter mineralization pathway in the Bay of Quinte sediments (Table 1 in main text; Table S3). 

Furthermore, since our estimate did not account for in situ precipitation of iron sulfides, the 

contribution of iron and sulfate reduction is likely higher. Manning (1996) showed that the total 

sulfur concentration in the Bay of Quinte sediments is ~ 0.5 % dry weight. If we assume that this 

represents the upper limit of iron sulfide concentration, we can estimate the maximum rate of 

sulfide precipitation using our sediment accumulation rates. This amounts to iron sulfide 

precipitation of 0.21 mmol S/m2/d, 0.385 mmol S/m2/d and 0.385 mmol S/m2/d for stations B, N 

and HB, respectively. Since for every mol of S2- produced two mol of C are oxidized, the organic 

matter degradation rates not accounted in our estimates are 0.42, 0.77 and 0.77 mmol C/m2/d 

(station B, N and HB respectively), considerably less than total estimated organic matter 

degradation rates at these sites (5-10% of total). On the other hand, these sulfide precipitation rates 

are close to our sulfate reduction rates calculated from sulfate diffusive gradients, which suggests 

that a large portion of sulfide is quickly sequestered in iron sulfides and helps explain the absence 

of pore water accumulation of H2S concurrently with sulfate depletion, as suggested by our 

microsensor measurements. 

NH4
+ diffusive fluxes (Table S3) calculated from the concentration gradients (Figure 7 in the 

main text) present a minimum estimate of the rate of anaerobic organic matter mineralization 

(Maerki et al 2009). With the assumption that organic C and organic N are released at the constant 

ratio equal to C:N ratio in surface sediments (Table S2), we estimated the overall anaerobic organic 

matter degradation. The anaerobic processes dominate the organic matter decomposition, and their 

relative contribution increased with water depth, from the shallowest station B to the deepest 

station HB. The actual rates of anaerobic processes could have been greater, due to the oxidation 

of NH4
+ to NO3

- in the uppermost sample. Bottom lake water and pore water NO3
- concentrations 



at all stations during this period, however, were <1mol/l, while oxygen penetration depths were 

extremely shallow (1-2 mm), suggesting that NH4
+ oxidation below SWI was negligible. 

 

3 Pearson’s correlation coefficients between metals and P in key 

binding pools 

In order to gain insights into the mineral associations comprising P binding pools and their 

diagenetic transformations, we calculated Pearson’s correlation coefficients between P and 

mobilized metals in key fractions contributing to burial and release (Tables S4-S6). Immediately 

apparent were the very strong positive correlations between BD-Fe and BD-P (Pearson’s r=0.68 

at station B, 0.82 and 0.87 at N and HB respectively) and moderate to very strong correlation 

between BD-Mn and BD-P ( r=0.47 at station B) and (r=0.82 at station N; r=0.93 at HB). 

Statistically significant, albeit moderate, correlations were found between acid-soluble HCl-P and 

HCl-Ca extracted in Step 4. Interestingly, highly significant correlations were also noted between 

HCl-Fe and HCl-P as well as between HCl-Mn and HCl-Ca, and HCl-Fe and HCl-Al, thus 

suggesting that Fe, Mn and Al from clays were extracted alongside acid-soluble phases (apatite 

and carbonates).  On the other hand, there is no correlation between NaOH-SRP and Al associated 

with this P binding pool at stations B and HB, while there is only a weak to moderate correlation 

at station N. 

 

 

 

 

 

 

 

 

 

 

 



Table S4. Correlation between P and mobilized metals in P binding pools at station B. 

Highlighted values are significant at 0.05 level. 

 BD-P NaOH-

SRP 

HCl-P HCl-Ca Al-

NaOH-

SRP 

HCl-Al Si-

NaOH-

SRP 

HCl-Si BD-Mn Mn-

NaOH-

SRP 

HCl-Mn BD-Fe Fe-

NaOH-

SRP 

HCl-Fe 

BD-P 
1.00              

NaOH-

SRP 
0.17 1.00             

HCl-P 
-0.04 -0.22 1.00            

HCl-Ca 
-0.13 -0.21 0.42 1.00           

Al-NaOH-

SRP 
-0.40 0.02 0.21 0.03 1.00          

HCl-Al 
-0.01 -0.24 0.36 0.23 0.07 1.00         

Si-NaOH-

SRP 
0.03 -0.07 0.22 0.20 -0.13 0.71 1.00        

HCl-Si 
0.03 -0.19 0.49 0.45 0.06 0.72 0.65 1.00       

BD-Mn 
0.47 -0.09 -0.04 0.08 -0.51 -0.11 0.05 0.17 1.00      

Mn-NaOH-

SRP 
-0.17 -0.17 0.20 0.00 0.24 0.18 -0.03 -0.06 -0.25 1.00     

HCl-Mn 
0.16 0.00 0.46 0.39 -0.11 0.34 0.22 0.48 0.42 0.30 1.00    

BD-Fe 
0.70 -0.15 0.10 0.07 -0.36 0.15 0.26 0.31 0.56 0.38 0.35 1.00   

Fe-NaOH-

SRP 
0.17 0.21 0.09 0.10 -0.14 0.04 0.23 0.18 0.39 -0.13 0.36 0.12 1.00  

HCl-Fe 
0.01 -0.21 0.63 0.38 0.06 0.79 0.61 0.72 0.02 0.20 0.59 0.32 0.09 1.00 

 

 

 

 

 

 

 



 

Table S5. Correlation between P and mobilized metals in P binding pools at station  N. 

Highlighted values are significant at 0.05 level. 

 

 

 

 

 

 

 BD-P NaOH-

SRP 

HCl-P HCl-Ca Al-

NaOH-

SRP 

HCl-Al Si-

NaOH-

SRP 

HCl-Si BD-Mn Mn-

NaOH-

SRP 

HCl-Mn BD-Fe Fe-

NaOH-

SRP 

HCl-Fe 

BD-P 
1.00              

NaOH-

SRP 
0.37 1.00             

HCl-P 
-0.33 0.02 1.00            

HCl-Ca 
-0.16 0.12 0.56 1.00           

Al-NaOH-

SRP 
0.00 0.46 0.22 0.31 1.00          

HCl-Al 
-0.15 0.01 0.80 0.65 0.35 1.00         

Si-NaOH-

SRP 
-0.01 0.34 0.29 0.30 0.85 0.40 1.00        

HCl-Si 
-0.04 0.31 0.08 0.67 0.43 0.13 0.41 1.00       

BD-Mn 
0.82 0.32 -0.37 -0.08 0.13 -0.19 0.04 0.12 1.00      

Mn-NaOH-

SRP 
-0.08 -0.06 0.54 0.51 0.37 0.64 0.37 0.21 -0.11 1.00     

HCl-Mn 
0.26 0.43 0.50 0.47 0.01 0.49 0.13 0.11 0.18 0.19 1.00    

BD-Fe 
0.82 0.38 -0.33 -0.10 0.10 -0.02 0.08 -0.05 0.77 0.00 0.34 1.00   

Fe-NaOH-

SRP 
0.10 0.50 -0.15 0.29 0.52 -0.06 0.33 0.60 0.16 0.02 0.14 0.14 1.00  

HCl-Fe 
-0.16 0.09 0.80 0.67 0.32 0.89 0.38 0.15 -0.19 0.49 0.65 -0.04 -0.09 1 



 

 

Table S6. Correlation between P and mobilized metals in P binding pools at station  HB. 

Highlighted values are significant at 0.05 level. 

 

 

 BD-P NaOH-

SRP 

HCl-P HCl-Ca Al-

NaOH-

SRP 

HCl-Al Si-

NaOH-

SRP 

HCl-Si BD-Mn Mn-

NaOH-

SRP 

HCl-Mn BD-Fe Fe-

NaOH-

SRP 

HCl-Fe 

BD-P 
1              

NaOH-

SRP 
0.66 1             

HCl-P 
-0.01 0.34 1            

HCl-Ca 
0.03 -0.21 0.46 1           

Al-NaOH-

SRP 
0.21 0.21 0.15 0.16 1          

HCl-Al 
-0.03 -0.41 0.01 0.78 0.30 1         

Si-NaOH-

SRP 
-0.19 -0.25 -0.06 0.33 -0.47 0.36 1        

HCl-Si 
0.08 -0.14 0.11 0.60 0.63 0.71 0.08 1       

BD-Mn 
0.93 0.72 0.10 0.11 0.28 0.05 -0.25 0.12 1      

Mn-NaOH-

SRP 
0.70 0.77 0.05 -0.10 0.38 -0.08 -0.37 -0.01 0.81 1     

HCl-Mn 
0.34 0.61 0.83 0.24 0.06 -0.28 -0.22 -0.08 0.43 0.28 1    

BD-Fe 
0.87 0.76 0.05 -0.09 0.23 -0.20 -0.37 0.07 0.89 0.72 0.45 1   

Fe-

NaOH-

SRP 

0.21 0.44 0.20 -0.07 0.31 -0.22 -0.38 0.04 0.22 0.54 0.32 0.26 1  

HCl-Fe 
0.05 -0.25 0.12 0.77 0.52 0.92 0.19 0.88 0.14 -0.02 -0.13 -0.01 -0.11 1 

 

 

 



 

 

 

 

Figure S1 Schematic presentation of relationships between P burial, accumulation, stabilization 

depth and mobile P 

 

 

 



 

Figure S2 Oxygen penetration (top panel) and uptake (lower panel).  

 



 

 

 

Figure S3. Fe:SRP molar ratios in pore water: (a) station B, (c) station N and (e) station HB. 

Diffusive Fe fluxes from sediments: (b) station B, (d) station N and (f) station HB.  



 

 

Figure S4: Porosity, loss on ignition and organic matter in Bay of Quinte sediments (2013-

2016 sampling dates); LOI is converted to organic carbon assuming organic matter composition 

as CH2O 

  



 

 

Figure S5: Pb core dating and sedimentation rates 

 



 

 

Figure S6. Ion activities of phosphate and iron in the porewater at station HB, calculated using PHREEQC (Parkhurst and Appelo 

2013. The diagonal red line in the diagram represents the vivianite solubility constant Kviv = 1×10−36 given by Nriagu (1972). 
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