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Sediments can act both as a source or sink of contaminants and nutrients in lakes. In this study, we developed
a non-steady state reactive transport diagenetic model to gain insights into the dynamics of phosphorus
binding forms in the sediments of Lake Simcoe, a mesotrophic hard-water lake located in Southern Ontario,
Canada. We investigate three basins of the lake with differences in their phosphorus binding forms, reflecting
the distinct spatiotemporal patterns of land use and urbanization levels in the watershed. In the model, total
phosphorus is divided into loosely adsorbed phosphorus, phosphorus bound with aluminum, organic phos-
phorus, redox sensitive and apatite phosphorus, and dissolved phosphorus in pore water. Using the fluxes
of organic and inorganic matter along with the concentrations of dissolved substances as dynamic boundary
conditions, we simulated the depth profiles of sixteen solute and solid components. The model closely
reproduced the fractionation data of phosphorus binding forms. The impact of the interplay between sedi-
mentation fluxes and geochemical conditions on phosphorus diagenesis was then studied under a range of
anthropogenic disturbances and natural variability in Lake Simcoe. We also conducted sensitivity analysis
that pinpointed the most influential processes underlying the mechanistic foundation of the model. The
non-steady state diagenesis model reveals that apatite P dominates the P forms in Cook's Bay, which has
been overwhelmingly influenced by agricultural activities in the corresponding watershed during the last
100 years. In contrast, Kempenfelt Bay has been primarily impacted by urbanization and experienced oxygen
depletion in the deep water. Thus, we found that organic P binding forms dominated over redox sensitive P
when urban loading was intensified. Finally, our study offers insights into the identifiability of the model as
well as into the factors that will be critical to monitor in order to improve its credibility. The model outputs
are sensitive to the concentrations of dissolved oxygen and pH at the sediment–water interface. The sensitiv-
ity with respect to these factors overwhelmingly dominates over all other parameters. Furthermore, the char-
acterization of the sedimentation fluxes; namely, the composition of settling organic matter, expressed as the
ratio of degradable to inert organic matter is the second strongest factor that can influence the inference
drawn by our modeling exercise.

Crown Copyright © 2013 Published by Elsevier B.V. All rights reserved.
1. Introduction

Phosphorus (P) is the typical limiting macronutrient for the growth
of primary producers in freshwater ecosystems, and the mechanisms
that affect P bioavailability in the water column are well studied
(Wetzel, 2001; Schindler et al., 2008; Carey and Rydin, 2011). In many
catchments, P loads that originate from human activities exceed natural
loading by several orders of magnitude (Falkowski et al., 2000). The
anthropogenic P sources can be distinguished into (i) point sources,
especially effluents from waste water treatment plants; and (ii) diffuse
or non-point sources, usually associated with agricultural activities
+1 416 287 7279.
rich).
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(Schippers et al., 2006). The level of exogenous P loading is causally
linked with the manifestation of eutrophication phenomena, such as
excessive algal growth, poor water clarity, taste and odor problems,
hypolimnetic oxygen depletion, and subsequently a decrease in the re-
cruitment of coldwater fish in deep stratified lakes (Evans, 2007). Thus,
the main focus of lake restoration projects usually revolves around the
control of external point and non-point sources of nutrient loading.

However, lake sediments act either as a sink or source of a large
number of organic and inorganic compounds including phosphorus in
the form of readily bioavailable phosphates. When acting as a P source,
lake sediments can considerably increase the water column concentra-
tions and thusmodulate the severity of eutrophication regardless of the
level of external forcing (Nürnberg, 2009; Smith et al., 2011). In general,
the release of P from lake sediments (or internal loading) is caused by a
suite of physical, chemical, and biological processes such as: desorption,
hts reserved.
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ligand exchange mechanisms, dissolution of precipitates, mineralization
processes, release from living cells, and autolysis of cells (Kleeberg and
Kozerski, 1997; Hupfer and Lewandowski, 2008). Other environmental
factors related to the P release from the sediments include temperature,
pH, redox potential (Eh), hydraulic conditions, nitrate and sulfate
concentrations, bioturbation, and other biological activities (e.g., Rydin,
2000; Gao et al., 2005; Zhou et al., 2005; Christophoridis and Fytianos,
2006). Consequently, the potential of P in the sediments to become a
significant driving force is related to the conditions under which it can
be immobilized or released. Such information can be provided from the
various P binding forms, such as the loosely adsorbed labile P, redox sen-
sitive FeOOH bound P, P bound to hydrated oxides of Al or Fe, calcium
carbonate bound P (apatite P), and organic P (Psenner and Pusco,
1988), see also the review by Lukkari et al. (2007). The predominance
of different P binding forms offers insights into the degree of system sus-
ceptibility to internal loading (Bostrom et al., 1988; Nürnberg, 1988;
Kopacek et al., 2005). However, despite the considerable efforts to eluci-
date sediment response to changes in exogenous P loading, we still do
not fully understand the underlying ecological mechanisms that ulti-
mately mediate the duration and extent of P release (cf. Lewis et al.,
2007).

In this regard, dynamicmodeling of P binding forms in the sediment
can provide critical support for water quality managers in developing
appropriate scenarios regarding the “if”, “how”, and to “what extent” in-
ternal loading will impact P concentrations in lakes (see Lewis et al.,
2007). Diagenesis modeling implements non-steady state transport
reactive processes based upon partial differential equations for organic
matter decomposition, geochemical transformations between solid and
dissolved components along with biological activities coupled with the
physical processes of diffusion, compaction, and advection (Boudreau,
1997; Dittrich et al., 2009; Couture et al., 2010; Reed et al., 2011b).
This family of models can shed light onto crucial diagenesis processes
that are extremely difficult to measure in-situ. A characteristic example
is the recent analysis of the long-term development of hypoxia in deep
waters and its impact on sediment properties, such as sapropel and
iron-bounded P in Mediterranean and Baltic Sea sediments (Reed
et al., 2011a,b). Diagenetic modeling has also been applied to quantify
pathways of organic matter degradation from anoxic lake sediments
(Lopes et al., 2010) and FeS accumulation in deep stratified lakes
(Dittrich et al., 2009). However, limited attempts have been made to
achieve dynamic predictions of sediment P release and immobilization,
and even rarer is the technical analysis of the most sensitive parame-
ters/processes that are directly linked to themodel's predictive capacity
and structural uncertainty.

In this study, we calibrate and subsequently validate a dynamic
transport-reaction, diagenetic model which simulates depth profiles
of P binding formswith Fe, Al and apatite, organic carbon, solid iron, cal-
cium andmanganese sediment content aswell as the levels of dissolved
compounds, such as oxygen, nitrogen, pH and phosphorus. Our case
study is the Lake Simcoe, a mesotrophic hard-water system located in
Southern Ontario, Canada. We investigate three basins of the lake
with differences in their land use patterns, urbanization levels, and
loading history (Gudimov et al., 2012).We present results on simulated
depth profiles of dissolved P as well as P binding forms, and their sea-
sonal and long-term dynamics in conjunctionwith the external loading
rates and oxygen concentrations at the sediment–water interface over
the past 400 years. Our paper also illustrates a framework for parameter
sensitivity and identifiability analysis. The parameters examined de-
scribe awide range of biogeochemical processes, such as organicmatter
degradation, bioirrigation and bioturbation, precipitation and dissolu-
tion of minerals, adsorption and P transformations. Our analysis aims
to address several important research questions, such as: Can phospho-
rus retention in lake sediments be predicted based on sediment miner-
alogy, sedimentation substance inputs, catchment type, and other
characteristics? How sediment retention capacity with respect to phos-
phorus may respond to changes caused by human activities? What are
the uncertainties in diagenetic model predictions and how many
parameters are uniquely identifiable?

2. Material and methods

2.1. Study site

Lake Simcoe is the 5th largest lake in the southern part of the Prov-
ince of Ontario with some 400,000 people living in its 3572 km2 water-
shed. Lake Simcoe has a surface area of 722 km2 with a maximum and
mean depth of 41.5 m and 14.2 m, respectively. It is a glacially formed,
hard-water dimictic lake with a flushing time of approximately
13 years. The Lake Simcoe area was glaciated by the Laurentide Ice
Sheet with predominantly south to southwest ice flow (Todd et al.,
2008). Mean depths of modern sediments are 3.4 m in Kempenfelt
Bay and the Main Basin and 2.2 m in Cook's Bay (Johnson and
Nicholls, 1989). Although ongoing research in Lake Simcoe has provided
considerable insights into the interplay between external P loading and
ambient water quality conditions (Palmer et al., 2011; Young et al.,
2011), there is a lack of understanding of the role that sediments play
in the lake P budget, while the actual mechanisms of P internal loading
is a matter of controversy (Hiriart-Baer et al., 2011). Water quality
modeling suggests that there is significant variability of TP and chloro-
phyll a in space and time, but we do not know to what extent this het-
erogeneity is modulated by the P release from the sediments (Gudimov
et al., 2012).

Three different basins have been investigated in this study: Cook's
Bay (C9), Kempenfelt Bay (K42) and the Main Basin (K45) (Fig. 1).
These three basins have been chosen because they have undergone
different loading histories (Hiriart-Baer et al., 2011; Landre et al.,
2011). Hiriart-Baer et al. (2011) reports a twofold increase of the sedi-
mentation rates in Cook's Bay relative to the rest of the lake due to an
extension of the agricultural and urban land uses at the beginning of
the 19th century. Loss of wetlands and the channelization of the lower
Holland River in the 1930s caused a substantial increase of the sedimen-
tation rates in Cook's Bay. In Kempenfelt Bay, the urbanization activities
associated with the City of Barrie's population growth after the 1950s is
responsible for the increased sedimentation rates (Hiriart-Baer et al.,
2011). TheMain Basin received a larger proportion of terrestrial organic
matter,which is likely the result of erosion due to de-forestation, amain
contributor to the sedimentation fluxes. The lake as a whole is consid-
ered to be a hard-water, mesotrophic, dimictic lake (MOE, 2010).

2.2. Model formulation

2.2.1. Reactive-transport model
A 1-D non-steady state transport reactive model for sediment

diagenesis of solid (Xi) and dissolved (Si) substances was used in this
study (Dittrich et al., 2009). Themodel accounts for themolecular diffu-
sion of dissolved species (themolecular diffusion coefficientDSi), veloc-
ities of sediment movement (vsed) due to sedimentation flux ( fXi

),
compaction of porosity θwith depth (z), bioturbation (DB) and biogeo-
chemical transformation rates (rXi

and rSi) in time (t). Briefly, the follow-
ing differential equations have been implemented:

∂ θSið Þ
∂t ¼ ∂

∂z DB
∂ θSið Þ
∂z þ θDSi

∂Si
∂z

� �
þ rSi−αbioirrig � Θ � Si−SSWI

i

� �
ð1Þ

∂Xi

∂t ¼ −∂ vsedXið Þ
∂z þ ∂

∂z DB:Xi

∂Xi

∂z

� �
þ rXi

: ð2Þ

The boundary conditions for sediment–water interface, ZSWI and
the deepest sediment layer zmax:

Si zSWIð Þ ¼ SSWI
i ð3Þ
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Fig. 1. Map of Lake Simcoe.
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Xi zSWIð Þ ¼ f Xi

vsed zSWIð Þ ð4Þ

Q zSWIð Þ ¼ QSWI ð5Þ

∂Si
∂z zmaxð Þ ¼ 0 ð6Þ

where Si
SWI is the concentration of dissolved substance i in the water

column at the sediment–water interface (SWI), and ΘSWI is a porosity
of newly deposited sediment at sediment–water interface surface
zSWI. In these equations, t is time, z is the depth coordinate within
the sediment (zSWI = 0 at the sediment surface, positive downward
orientation), Si is the concentration of dissolved substance i in the
sediment pore water (mass per pore water volume), θ is the porosity
of the sediment, αBioirrig is a bioirrigation coefficient, DSi is the molec-
ular diffusion coefficient of dissolved substance i, rSi is the total trans-
formation rate of dissolved substance i (mass per total sediment
volume and time), Xi is the concentration of particulate substance i
in the sediment (mass per total sediment volume), vsed is the velocity
of movement of the solid phase of the sediment relative to a coordi-
nate system with an origin at the sediment surface, DB,Xi

is the effec-
tive diffusion coefficient of particulate substance i, rXi

is the total
transformation rate of particulate substance i (mass per total sedi-
ment volume and time), fXi

is the sedimentation flux of particulate
substance i, Xi is the density of particulate substance i (mass per vol-
ume of particulate substance), zSWI = 0 is the z coordinate at the sed-
iment surface, zmax is the z coordinate at the deepest point (equal to
the thickness) of the sediment layer, Si,SWI is the concentration of
dissolved substance i in the water column at the sediment surface.

Themodeled solid Xi and dissolved Si species considered in themodel
along with the associated reaction rates are listed in Tables 1–3. The
organic particles are represented by degradable and inert fractions
with mass composition presented in Table 4. The other modeled solids
aside from the P fractions are MnO2, FeOOH, FeS, CaCO3, FeCO3, MnCO3

and inorganic inert matter (see Table 1).

2.2.2. Reaction kinetics
The primary redox reactions for organic matter bacterial degradation

(Table 2) are based on Monod kinetics with inhibition terms to account



Table 1
State variables of the model.

Dissolved components Solid components

Oxygen Inert organic matter:
CαC/12HαHOαO/16NαN/14PαP/31SαS/32

Nitrate Degradable organic matter:
CαC/12HαHOαO/16NαN/14PαP/31SαS/32

Manganese Manganese oxide
Iron (II) Anhydrous iron(III) oxide-hydroxide
Ammonium and ammonia Manganese carbonate
Calcium Iron bound (redox sensitive) phosphorus
Bicarbonate and carbonate Calcium carbonate
Dihydrogen phosphate Calcium bound phosphorus,

Aluminum bound phosphorus
Monohydrogen phosphate Adsorbed phosphorus
Hydrogen sulfide Siderite, iron sulfide
Sulfide Organic phosphorus
Hydrogen and hydroxide Inorganic matter
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for gradients in redox potential among oxidants (Van Cappellen and
Gaillard, 1996). The modeled oxidants are oxygen, nitrate, manganese
oxide, iron hydroxides and sulfate (PR1–5). The oxidation of ammonium,
sulfide, Fe-hydrooxides and -sulfides are also considered as secondary
redox reactions (SR1–4). Mineral precipitation and dissolution for car-
bonates and iron sulfides are included in the model (MR1–4) as well as
equilibrium conditions for carbonic acid and bicarbonate dissociation,
ammonium dissociation, orthophosphate dissociation, and sulfide disso-
ciation (ER1–7).

The model has been developed to study P transformations in and
release from the sediments, especially the P binding forms derived by
sequential fractionation. In this study,we used the phosphorus fraction-
ation method from Psenner and Pusco (1988) as modified by Rydin
(2000). The P forms separatedwith this sequential fractionation include
loosely adsorbed (labile) P (extracted with NH4Cl, NH4Cl-TP), redox-
sensitive bound P (extracted with bicarbonate dithionite, BD-TP), P
bound to hydrated oxides of aluminum or iron oxides (extracted
with NaOH, NaOH-SRP), organic bound P (extracted with NaOH,
NaOH-NRP), carbonates bound P (apatite P) (extracted with HCl,
HCl-TP) and refractory P (Refract-P) (Psenner and Pusco, 1988). The
Table 2
Diagenetic reactions in the model. Xorg indicates organic matter with the composition: CαC/12

given in Table 4.

Reactants

Primary redox reduction Xorg + O2 + H2O
Xorg + NO3

− + H2O
Xorg + XMnO2

+ H+

Xorg + XFeOOH + H+

Xorg + SO4
2− + H2O

Secondary redox reaction NH4
+ + 2O2

H2S + 2O2

8XFeOOH + H2S + 14H+

FeS + 2O2

Mineral precipitation–dissolution reactions Mn2+ + HCO3
−

Ca2+ + HCO3
−

Fe2+ + CO3
2−

Fe2+ + HS−

Acid base equilibrium conditions H2O
H2CO3

⁎

HCO3
−

NH4
+

H2PO4
2−

H2S
HS−

Phosphorus binding forms reactions HPO4
−

3Ca2+ + 2HPO4
2−

4Fe2+ + 4HPO4
2− + 8HCO3

− + O
XFe_P

HPO4
−

detailed description of the fractionation technique has been recently
presented by Dittrich et al. (2013).

The phosphorus diagenesis model structure, depicted in Fig. 2, dem-
onstrates the incorporation of these P fractions into the model along
with the processes and relevant reaction rates considered. The advance-
ment of our dynamic non-steady-state model is the incorporation of
the formation of major phosphorus binding forms, i.e., adsorbed P
(NH4Cl-TP), redox-sensitive Fe–P (BD-TP), aluminum-bound P Al–P
(NaOH-SRP, which is a small part (5%) of NaOH-TP), organic P
(NaOH-NRP and refractory P), apatite P (HCl-TP), and dissolved pore
water phosphorus from the decomposition of organic matter over
time. Organic P is modeled as a portion of degradable organic matter,
based on the Redfield stoichiometric composition. The modeling of
the sorption capacity of phosphorus by the sediments was calculated
using a modified Langmuir adsorption isotherm equation (Table 2
PBR1, Zhou et al., 2005), given in Table 3. Apatite P formation
(Table 2, PBR2) is modeled using a precipitation dissociation reaction
(Stumm and Morgan, 1996). The redox sensitive Fe–P fraction is
modeled based on the assumption that Fe–P is formed in the presence
of oxygen (Table 2, PBR3, Reed et al., 2011a) and will be reduced in
the absence of O2 (Table 2, PBR4). The aluminum-bound fraction Al–P
is modeled based on the Kopacek et al. (2005) laboratory experiments
on the impact of Al on sediment sorption capacity.

2.2.3. Dataset and model parameters
Sediment and pore-water datasets collected from three study sites

in the mesotrophic Lake Simcoe in March and September 2011 have
been used to calibrate and validate the model, respectively (Dittrich
et al., 2013). Samples were collected using a core sampler Uwitech
in a 60 cm long sampling tube. Cores were obtained in March 2011
and September 2011 from three locations (C9, K42 and K45). Water
depth profiles of dissolved oxygen, temperature, pH and conductivity
were collected using a Seabird sensor at each sampling site before the
sediment sampling occurred. The cores were sealed on site, to pre-
vent any atmospheric exchanges, and were then transferred to the
lab in a thermo-isolated custom built box, where they were preserved
at 4 °C. Two cores were used for pore water analysis, and two to three
cores were used for the fractionation of phosphorus, and the analysis
of porosity, dry weight and total organic matter. Two to three sediment
HαHOαO/16NαN/14PαP/31SαS/32. The stoichiometry coefficients of organic components are

Products Rates

NH4
+ + HPO4

− + HCO3
− + H+ + HS− PR1

NH4
+ + HPO4

− + HCO3
− + H+ + HS− + N2 PR2

NH4
+ + HPO4

− + HCO3
− + HS− + H2O + Mn2+ PR3

NH4
+ + HPO4

− + HCO3
− + H+ + HS− + H2O + Fe2+ PR4

NH4
+ + HPO4

− + HCO3
− + H+ + HS− PR5

NO3
− + 2H+ + H2O SR1

SO4
2− + 2H+ SR2

8Fe2+ + SO4
2− + 12H2O SR3

Fe2+ + SO4
2− SR4

XMnCO3
+ H+ MR1

XCaCO3
+ H+ MR2

2XFeCO3
MR3

XFeS + H+ MR4
H+ + OH− ER1
HCO3

− + H+ ER2
CO3

2− + H+ ER3
NH3 + H+ ER4
HPO4

− + H+ ER5
HS− + H+ ER6
S2− + H+ ER7
XAdsorbed_P PBR1
XApatite_P + 4H+ PBR2

2 4XFe_P + 8CO2 + 4XFeOOH PBR3
Fe2+ + HPO4

− PBR4
XAl_P PBR5



Table 3
Process rates of reactions in the model. Si represents concentrations of a dissolved substance i and Xi indicates the concentration of the particulate substances i.

Primary reduction

PR1 ¼ kO2

SO2
KO2

þSO2
Xorg; fast

PR2 ¼ kNO3

KO2
KO2

þSO2

SNO3
KNO3

þSNO3
Xorg; fast

PR3 ¼ kMnO2

KO2
KO2

þSO2

KNO3
KNO3

þSNO3

XMnO2
KMnO2

þXMnO2
Xorg; fast

PR4 ¼ kFeOOH
KO2

KO2
þSO2

KNO3
KNO3

þSNO3

KMnO2
KMnO2

þXMnO2

XFeOOH
KFeOOHþXFeOOH

Xorg; fast

PR5 ¼ kSO4

KO2
KO2

þSO2

KNO3
KNO3

þSNO3

KMnO2
KMnO2

þXMnO2

XFeOOH
KFeOOþXFeOOH

XSO4
KSO4þXSO4

Xorg; fast

Secondary reaction

SR1 ¼ knitri
SNH

knitri; NH4
þSNH4

SO
knitri;O2þSO2

SR3 = kFeOOHSXFeOOHSHS

SR2 = koxi,HSSHSSO2
SR4 = kFeSOXFeSSO2

Non-redox mineral precipitation–dissolution reactions

MR1 ¼
keq;MnCO3 ;prec

SMnSCO3

keq;MnCO3

−1
� �

if
SMnSCO3

keq;MnCO3

N1

keq;MnCO3;diss
SMnSCO3

keq;MnCO3

−1
� �

if
SMnSCO3

keq;MnCO3

b1

8>><
>>:

MR3 ¼
keq;FeCO3 ;prec

SFeSCO3

keq;FeCO3

−1
� �

if
SFeSCO3

keq;FeCO3

N1

keq;FeCO3 ;diss
SFeSCO3

keq;FeCO3

−1
� �

XFeCO3 if
SFeSCO3

keq;FeCO3

b1

8>><
>>:

MR2 ¼
keq;CaCO3 ;prec

SCaSCO3

keq;CaCO3

−1
� �

if
SCaSCO3

keq;CaCO3
N1

keq;CaCO3 ;diss
SCaSCO3

keq;CaCO3

−1
� �

if
SCaSCO3

keq;CaCO3

b1

8>><
>>:

MR4 ¼
keq;FeS;prec

SFeSS2
keq;FeS

−1
� �

if
SFeSS2
keq;FeS

N1

keq;FeS;diss
SFeSS2
keq;FeS

−1
� �

XFeS if
SFeSS2
keq;FeS

b1

8>><
>>:

Acid dissociation reactions

ER1 ¼ keq;w 1− SHSOH
Keq;w

� �
ER4 ¼ keq;N SNH4−

SHSNH3
Keq;N

� �
ER6 ¼ keq;S2 SH2S− SHSHS

Keq;S1

� �

ER2 ¼ keq;1 SCO2−
SHSHCO3
Keq;1

� �
ER5 ¼ keq;P SH2PO4−

SHSHPO4
Keq;P

� �
ER7 ¼ keq;S1 SHS−

SHSS2
Keq;S1

� �

ER3 ¼ keq;2 SHCO3−
SHSCO3
Keq;2

� �

Phosphorus binding form reactions

PBR1 ¼ kAdsorb Qmax
KAdsorbSHPO4 MHPO4ð Þ

1þ KAdsorbSHPO4 MHPO4ð Þð Þ−XAdsorb;P

� �
PBR4 ¼ kdeg;BD

KO2
KO2

þSO2
XBD;P

PBR2 ¼
SCa
1000

� �3 SHPO4
1000

� �2

Keq;Apatite�10−4 pH

PBR5 ¼ kAdsorbAl Qmax:Al
KAdsorb;AlSHPO4 MHPO4ð Þ

1þ KAdsorb;AlSHPO4 MHPO4ð Þð Þ−XAl;P

� �

PBR3 = kp _ BDS02SFe
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coreswere sectioned in 1 to 2 cm thick slices. Inmost cases, the 0–1 cm,
1–2 cm, 2–4 cm, 4–6 cm and 6–10 cm horizons were pooled. For deep
core analysis, the horizons 10–15 and 15–20 cm were also collected.
The above-mentioned layers taken from the cores were added in a bea-
ker and were then mixed. Samples from each layer, from the two to
three cores, were combined and centrifuged (11,000 rpm × 10 min),
decanted, and filtered (0.45 μm) for porewater analysis. Porewater
depth profile data for Ca, Fe, Mn, NO3, HPO4 as well as data on porosity,
organic carbon and P fractions were measured in 2011. pH and O2 pro-
files weremeasuredwithmicrosensors, while data on CaCO3were used
from the Johnson and Nicholls (1989) study. More details on the exper-
imental data have been published by Dittrich et al. (2013). Total Fe and
Mn at the surface sediment and at the depth of ca. 24 cm have been
measured by Landre et al. (2011). Data on alkalinity and ammonia at
the SWI were assumed to be equal to the maximum deep water data
measured by the 2004–2008 monitoring program (MOE, 2008).

The values of allmodel parameters are listed in Table 4 for the site K45.
Equilibrium constants for acid–base equilibria were derived from Stumm
and Morgan (1996). The equilibrium processes including Langmuir iso-
therms are formulated as dynamic processes with fast rate constants.
Themaximumrates of thedegradation, dissolution, andprecipitationpro-
cesses were calibrated through theminimization of the sum of squares of
theweighted deviations between observed data andmodel predictions. A
number of specific parameters required for the model were derived from
the literature, such as sedimentation rates, bioturbation and sediment
density (Johnson andNicholls, 1989;MOE, 2010;Hiriart-Baer et al., 2011).

A previous study by Stantec (2006) provided estimates of benthic
invertebrate abundance in the profundal zones of interest: ~2000 indi-
viduals/m2 in station K42, 1600 individuals/m2 in K45 and 17,200 indi-
viduals/m2 in C9. The dominant species are suspension feeding
chironomidae larvae (~50% for K45, ~36% for K42)which are burrow irri-
gators, deposit feeding oligochaetes (~43% for K42, 17% for C9) and
dreissenidmussels (~16% for K45 andK42, ~46% for C9). The bivalve pop-
ulations are represented by Sphaeriidae, which tend to burrow into the
sediment substratum, and fingernail clams. Due to the complexity of the
bivalve contribution to bioturbation and bioirrigation, the bivalve activity
was lumped together with other species described above and uniform
lakewide solute transport rates for bioturbation DB = 30 cm2/year and
bioirrigation α = 10−7 s−1 were assigned to parameterize their
year-round activity; thus, the seasonal variability in the concentration of
bottom dissolved oxygen or ice cover was not considered. In the absence
of experimental measurements and information about the formation and
dimensions of burrows, the 22Na tracer diffusion rates were taken as a
proxy for major solute variables of interest. We also introduced an ex-
ponential decay function for these rates to delimit the invertebrate's ac-
tivity within the oxygenated zone in the sediments (Reed et al., 2011b).
The bioirrigation term was accommodated with a non-local model
(Boudreau, 1997; Couture and Van Cappellen, 2011).



Table 4
Parameters used in the sediment model for K45. * indicates fitted parameter. DM indicates dry matter and OM indicates organic matter.

Composition of organic components Atoms Mass fraction

αC 106 0.358 g C/g OM
αH 263 0.074 g H/g OM
αO 110 0.496 g O/g OM
αN 16 0.063 g N/g OM
αP 1 0.009 g P/g OM
αS 0 0.000 g S/g OM
Total Redfield compositiona 3550a 1 g Tot/g OM

Symbol Description Value Units

Proportional breakdown of total flux
αOrg Fraction of OM 0.42
αInorg Fraction of inorganic matter 1 − αOrg

αInorg_P
⁎ Fraction of inorganic P 6.2e−6

αInorg_P_Fe–P
⁎ Fraction of redox-sensitive P 0.33

αOrg_inert
⁎ Fraction of refractory OM 0.52

αdeg Fraction of degradable OM 1 − αOrg_inert

αInorg_Total Fe Fraction of total settled iron 1 − (αInorg_Other + αInorg_P)
αInorg_Fe_FeOOH Fraction of settled FeOOH 1 − αInorg_Fe_Other

αInorg_Fe_Other
⁎ Fraction of settled inorganic Fe, excluding FeOOH 0.99

αInorg_P_ApatiteP Fraction of settled apatite P 1 − αInorg_P_Fe–P

αInorg_Other
⁎ Fraction of inorganic matter without FeOOH and P 0.9999

Primary redox reactions
kO2

⁎ Rate constant of OM degradation with oxygen PR1 0.024 d−1

kNO3
⁎ Rate constant of OM degradation with nitrate PR2 2.09 d−1

kMnO2
⁎ Rate constant of OM degradation with manganese oxides PR3 4.33e−6 d−1

kFeOOH⁎ Rate constant of OM degradation with iron hydroxides PR4 3.3e−7 d−1

kSO4

f Rate constant of OM degradation with SO4 PR5 1.0e−4 d−1

KO2

satur⁎ Half-saturation constant for OM degradation with oxygen 4.18 mmol/l
KNO3

satur⁎ Half-saturation constant for OM degradation with nitrate 484.7 mmol/l
KMnO2

satur⁎ Half-saturation constant for OM degradation with manganese oxide 0.09 mmol/g
KFeOOH

satur⁎ Half-saturation constant for OM degradation with iron hydroxide 0.3 mmol/g
KSO4

saturf Half-saturation constant for OM degradation with sulfate 0.005 mmol/l

Secondary redox reactions
knitri⁎ Rate constant for nitrification SR1 0.37 d−1

KnitriNH4

satur⁎ Half-saturation constant for nitrification 1.9 mmol/l
koxiHS⁎ Rate of secondary reaction SR2 0.001 l mmol−1 d−1

KoxiH2S
satur⁎ Half-saturation constant for sulfide oxidation 998.39 mmol/l

kFeOOHS
g Rate of secondary reaction SR3 0.1 l mmol−1 d−1

kFeSO
g Rate of secondary reaction SR4 54.794 l mmol−1 d−1

Mineral dissolution and precipitation
keqMnCO3prec

⁎ Rate constant for MnCO3 precipitation, MR1 1.35e−5 mmol/l/d
KeqMnCO3

b Equilibrium constant for MnCO3, MR1 10−10.4 (mmol/l)2

keqMnCO3diss
⁎ Rate constant for MnCO3 dissolution, MR1 0 d−1

keqCaCO3prec
⁎ Rate constant for CaCO3 precipitation, MR2 0 mmol/l/d

KeqCaCO3

b Equilibrium constant for CaCO3, MR2 10(13.87 − 3059 / (273.15 + T) − 0.04035 ∗ (273.15 + T)) (mmol/l)2

keqCaCO3diss
⁎ Rate constant for CaCO3 dissolution, MR2 2.5e−7 d−1

keq.FeCO3prec
⁎ Rate constant for FeCO3 precipitation, MR3 1.35e−5 mol/l/d

Keq.FeCO3

b Equilibrium constant for FeCO3, MR3 10Keq.FeCO3num (mmol/l)2

Keq.FeCO3num
b See above −5

keq.FeCO3diss
⁎ Rate constant for FeCO3 dissolution, MR3 0 d−1

keqFeSprec
f Rate constant for FeS precipitation, MR4 0.002 mmol/l/d

KeqFeS
b Equilibrium constant for FeS, MR4 10−12.1 (mmol/l)2

keqFeSdiss
f Rate constant for FeS dissolution, MR4 0 d−1

Acid base equilibrium conditions
keqw⁎ Rate constant ER1 1000 d−1

Keqw
b Water dissociation constant 10(4470.99 / (273.15 + T) + 12.0875 − 0.01706 ∗ (273.15 + T)) (mmol/l)2

keq1⁎ Rate constant ER2 1000 d−1

Keq1
b Dissociation constant ER2 10(14.843 − 3404.71 / (273.15 + T) − 0.032786 ∗ (273.15 + T)) (mmol/l)2

keq2 Rate constant ER3 1000 d−1

Keq2
b Dissociation constant ER3 10(6.494 − 2902.39 / (273.15 + T) − 0.02379 ∗ (273.15 + T)) (mmol/l)2

keqN⁎ Equilibrium rate constant ER4 1000 d−1

KeqN
c Dissociation constant ER4 10(−0.09038 − 2729 / (273.15 + T)) (mmol/l)2

keqP⁎ Equilibrium rate constant ER5 4.72 d−1

KeqP
b Dissociation constant ER5 10(−3.46 − 219.4 / (273.15 + T)) (mmol/l)2

keqS1⁎ Equilibrium rate constant ER6 10,000 d−1

KeqS1
b Dissociation constant ER6 10(−0.14 − 1158 / (273.15 + T)) (mmol/l)2

keqS2⁎ Equilibrium rate constant ER7 10,000 d−1

KeqS2
b Dissociation constant ER7 10(−2.03 − 2646 / (273.15 + T)) (mmol/l)2

P binding form reactions
kAdsorb Adsorption rate, PBR1 0.3 d−1

KAdsorb
d Adsorption constant, PBR1 118.8 l/mg

(continued on next page)
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Table 4 (continued)

Symbol Description Value Units

Qmax
d Maximal P adsorption sediment capacity, PBR1 12.7 mg/g

KeqApatite
⁎ Dissociation constant PBR2 1018.4 (mmol/l)2

kFe–P⁎
e

Rate constant for Fe–P formation, PBR3 1.5e−4 (mM d)−1

kdegFe–P⁎ Rate constant for Fe–P degradation PBR4 8.6e−6 d−1

kAdsorb_Al⁎ Adsorption rate for Al–P, PBR5 0.3 d−1

KAdsorb_Al
d Adsorption constant for Al–P, PBR5 1.0 l/mg

Qmax_Al
h Maximal P adsorption sediment capacity for Al–P, PBR5 0.46 mg/g

Compaction
θsurf Porosity at the SWI 0.91
θdeep Porosity at 19.5 cm (core bottom) 0.8
kθ⁎ Rate of porosity compaction 7e−5 d−1

Boundary conditions
Concentrations at the SWI

SO2high
SWI Oxygen during mixed period 0.30 mmol/l

SO2low
SWI Oxygen during summer stratified period 0.13 mmol/l

SNO3

SWI Nitrate, annual average 0.022 mmol/l
SNH4mean

SWI Ammonium, annual average 0.05 mmol/l
SHPO4mean

SWI Dissolved phosphorus, annual average 7.9e−8 mmol/l
SMn

SWI Dissolved manganese 0.017 mmol/l
SFe

SWI Dissolved iron 0.008 mmol/l
SSO4

SWI Sulfate 0.03 mmol/l
SCa

SWI Dissolved calcium 1.03 mmol/l
SH

SWI Hydrogen ions 6.76e−5 mmol/l
SHCO3

SWI Bicarbonate, HCO3 3.63 mmol/l
SHS

SWI Hydrogen sulfide, HS 0.00 mmol/l
SS2

SWI Sulfide S2− 2.3e−10 mmol/l
Fluxes at the SWI

forg,mean Organic matter, annual average 0.32 gDM/m2/d
forg,amplitude Organic matter, amplitude 0.08 gDM/m2/d
finorg Inorganic matter 0.44 gDM/m2/d
fMnO2mean Manganese oxide, annual average 1.8e−5 mol/m2/d
fFeOOHmean Iron hydroxide, annual average 4.13e−7 mol/m2/d
fCaCO3mean Calcium carbonate, annual average 2.5e−3 mol/m2/d
fFeS Iron sulfide 9.0e−7 mol/m2/d
fApatiteP Apatite P 1.8e−6 mol/m2/d
fFe–P Iron-bounded P 9.0e−7 mol/m2/d
fAl–P Aluminum bound P 9.0e−7 mol/m2/d

a Klausmeier et al. (2004).
b Stumm and Morgan (1996).
c Clegg and Whitfield (1995).
d Dong et al. (2011).
e Reed et al. (2011b).
f Dittrich et al. (2009).
g Katsev et al. (2006).
h Kopacek et al. (2005).

P binding form reactions

222 J. McCulloch et al. / Chemical Geology 354 (2013) 216–232
2.2.4. Boundary conditions

2.2.4.1. Solid components. The boundary conditions for the sedimenta-
tion fluxes are defined with a piece-wise approach, postulating that
themaximum flux of particulatematter occurs in summer and themin-
imum in winter (Fig. 4). The organic and inorganic components of the
total flux are shown in Fig. 3, and the proportion of each component
was determined through the model calibration. The beginning of the
simulations for each sampling station was determined using sedimen-
tation rates taken from Landre et al. (2011). The starting dates reflected
the sediment depth determined as 1760 AD, 1607 AD and 1432 AD for
stations C9, K42 and K45, respectively. The fluxes of FeS and Fe3PO4

were set equal to zero at the sediment–water interface.

2.2.4.2. Dissolved components. The boundary conditions for the O2 con-
centrations at the SWI were also defined with a piece-wise approach,
postulating that the maximum O2 concentration occurs in the winter,
when there is less consumption from the biota, and the minimum
concentration in the summer, when the lake is stratified (Fig. 4).
The boundary conditions are given in Table 4. Finally, the tempera-
ture in the sediment was treated as a constant throughout the sedi-
ment depth profile, according to the empirical patterns reported in
Lake Simcoe.
2.3. Sensitivity and identifiability analysis

Our sensitivity and identifiability analysis follows the framework
originally introduced by Brun et al. (2001), which is founded upon the
derivation of linear sensitivity functions for each state variable yi against
any parameter θj:

si;j ¼
Δθj
sci

∂yi
∂θj

ð7Þ

whereΔθj represents an a priori uncertainty range of the parameter θj, set
equal to 10%, and sci is a scale factor of the state variable yi. The factors sci
are used to scale themodel outputs and thusmake the results for the var-
iousmodel endpoints comparable. In this study, the scale factors were set
equal to themaximum concentrations of each substance and are listed in
Table 1 of the SupplementaryMaterial. The parameter sensitivity ranking
was subsequently based on the following sensitivity measure:

δj ¼
ffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffiffi
1
n

Xn
i−1

si;j
2

vuut ¼ 1ffiffiffi
n

p ‖sj‖ ð8Þ

where ||sj|| represents the norm of the vector of sj which depicts the
importance of the parameter θj. A large norm implies that a perturbation
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Fig. 2. Conceptual diagram of the presented phosphorus fractionation model in Lake Simcoe.
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in a particular parameter induces significant changes on the vector of the
nmodel endpoints, which in turnmakes the parameter identifiable given
the available data, if all other parameters remain fixed.

In a general context though, we can state that a set of model
parameters Θ is identifiable from the calibration data, only if the
following criteria are simultaneously met:

1. Model outputs yi should indicate sensitive dependence on the
parameter set Θ. With an increasing number of parameters, model
sensitivity is expected to decrease.

2. A change in model outputs yi caused by a relative change in one
parameter θj should not be compensated by a change in other param-
eters of the same set Θ.

The information on the sensitivity of model outputs on parameters
can be combined with information on the degree of linear dependence
(or collinearity) of sensitivity functions in order to find parameter sets
that can be estimated from experimental/field data (Omlin et al.,
2001). The analysis of the degree of linear dependence of sensitivity
functions is similar to the technique recommended for collinearity anal-
ysis of influence factors in linear regression (Belsley et al., 1980; Beisley,
1991; Draper and Smith, 1998). If the sensitivity functions sij for a given
parameter set are linearly dependent, changes inmodel outputs induced
by a small change in one parameter can be approximately compensated
by appropriate changes in other parameters of the same parameter set.
Fig. 3. Schematic diagram for the breakdown
In this study, we have applied the identifiability framework proposed
by Brun et al. (2001), using the collinearity index γ to assess the degree
of near-linear dependence among k parameters in a particular subset.

γk ¼
1

min‖β‖¼1‖Ŝβ‖
ð9Þ

where Ŝ ¼
Ŝ11 ¼;…; Ŝ1k
… … … … … :

Ŝn1;…; Ŝnk

2
4

3
5 represents the matrix of the normal-

ized sensitivities of the k parameters in the subset, i.e., Ŝik ¼ sik
‖sk‖

;

against the nmodel outputs, and β = (β1,…, βk)T represents a vector
of coefficients with the constraint ||β|| = 1. In essence, the γ index
measures linear dependence among a subset of parameters as the
reciprocal of the minimum norm that can be obtained by the linear
combination Ŝβ, which in turn is known to be equal to the square
root of the smallest eigenvalue of the matrix ŜTŜ (Beisley, 1991). A γ
value equal to 1 suggests absence of collinearity, whereas a value of
20 suggests that a change in the model outputs caused by a shift in
a parameter θj can be compensated to 5% by appropriate adjustments
in the other parameters of the subset. A high value of a collinearity
index thus indicates that the parameter set is poorly identifiable,
even if the individual parameters are very influential to themodel out-
put. In particular, any γ value higher than 10 depicts a relatively serious
identifiability problem (Brun et al., 2001).
Al-P

Al-P

of the incoming flux of settling matter.



Fig. 4. Boundary conditions for sedimentation flux and initial oxygen concentrations over a one year time period. Sedimentation flux of total matter (g/m2/day), solid gray line, and
initial O2 concentration, mg/l, dashed black line, are shown for the site K45 in the year 2005.
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2.3.1. Numerical implementation
The model equations were implemented in the computer program

AQUASIM (Reichert, 1994; Reichert, 1995; http://www.aquasim.
eawag.ch), designed for simulation and data analysis of aquatic systems.
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Fig. 5.Modeled and measured depth profiles of pH from site C9 (left), O2 from site K42 (cent
model output is given by a solid black line for each site.
This program first discretizes the spatial derivatives of the partial differ-
ential equations and then integrates the resulting system of ordinary
differential equations in time with the DASSL implementation (Petzold,
1983) of the implicit (backward differencing) variable-step, variable-
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Fig. 6. Modeled organic matter sediment profiles for 3 sites. Measured data are represented by symbols, square for total OM, and circle for inert OM. Model is represented by lines,
total OM by solid black line, fast degradable OM by black dashed line, and inert OM by gray dashed line.
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order GEAR integration technique (Gear, 1971). The sediment depth
profile of 19 cm was discretized with 250 grid space planes. The
identifiability analysis was performed with the IDENT package (http://
www.aquasim.eawag.ch). The model has been calibrated for the data
set collected from three stations (K45, K42 and C9) in March 2011 and
validated against the data collected in September 2011. Sensitivity and
identifiability analysis presented below has been performed for station
K45, as a representative site for the whole lake.

3. Results

3.1. Depth profiles of solids and dissolved substances

The modeled outputs for the porosity and pH of the sediments are
shown in Fig. 5. Our results suggest that themodel accurately reproduces
porosity, and also provides a good representation of the sediment pH in
sites K45 and C9 but underestimates pH in K42. Because pH is a sensitive
integrating indicator for a set of biogeochemical reactions (Jourabchi
et al., 2005), the good agreement between the modeled and measured
values of pH for sites K45 and C9 indicates that the simulated reaction/
processes were generally plausible. The model also reproduced the fact
that each site differs in regard to its oxygen profile (Fig. 5). Site K42
has a very shallowpenetration depth of 1 cm,while C9 has a deeper pen-
etration depth of 2.5 cm and K45 falls in the middle around 2 cm. The
oxygen penetration depths reflect the oxygen demand for the minerali-
zation of the settling organic matter, and are closely associated with the
boundary conditions assigned to each site. In Kempenfelt Bay (K42), the
sedimentation flux has a very high portion of organic matter (Fig. 4),
which underscores the elevated primary production rates in the water
column. By contrast, the sedimentation fluxes in C9 and K45 have
much lower proportions of organic matter and thus higher O2 penetra-
tion depths. Furthermore, the model reproduced the depth profiles of
solid matter with good accuracy (Fig. 6). Each site shows a decrease of
organic matter from the sediment surface to about 10 cm and remains
relatively constant below that point. The difference between the surface
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Fig. 7. Total phosphorus and P fraction profiles for 3 sites. Measured data are represented b
redox sensitive P, and pentagon for apatite P. Model is represented by lines, total P by solid b
gray dashed line, and redox sensitive P by dark gray dash dot line.
concentration, ~80–90 mg C/g DM for K45 and K42 and ~60 mg C/g DM
for C9, and the deeper stabilized concentration (at approximately 10 cm
depth) is the amount of organic matter mineralized in the sediment.

The model calibration was carried out with the boundary conditions
described above, and aimed at reproducing the general trends observed
in the pore water and solid sediment depth profiles. Initial values of the
reaction parameters were taken from our previous experimental study
(Dittrich et al., 2009) as well as from the literature, and their values
were further adjusted to fit the experimental data while taking into
account the parameter ranges reported in the literature (Table 3).
We also conducted a model validation exercise, which showed good
agreement between empirical and simulated depth profiles for solute
and solid matter for September 2010, rendering support to the model
parameterization.

3.2. Depth profiles of phosphorus in sediments

The model successfully reproduced the P fractionation data,
i.e., adsorbed P, organic P, apatite P, Al–P and redox sensitive (Fe–P),
as well as the total phosphorus at each site (Fig. 7). However, at site
C9, the calculated fraction of adsorbed P is lower than those measured,
indicative of the fact that this site is dominated by sediment erosion
from the surrounding intensive agricultural areas. Most likely other
geochemical (e.g. including nitrogen) and transport processes are cru-
cial for the P-adsorption to the sediments at this basin. The organic P
fraction and the total phosphorus (TP) closely resemble the total organ-
ic matter profiles, as they are high at the surface and then level out in
the deeper sediments. The difference between the surface concentra-
tion and the deeper layers represents the P release from the sediments.
At sites K45 and C9, the organic P fraction is responsible for most of the
P release. The model predicts that most of the dissolved P is released
into the overlyingwater columnand that only a small fraction of the de-
posited reactive Fe is ultimately buried as FeS(s) (Fig. 7). Interestingly,
site K42 shows a large amount of redox sensitive P at the surface as
well as a large amount of organic P (Fig. 7), implying that a much
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greater P flux from the sediments to the water column should be
expected if conditions at the sediment–water interface become anoxic.
A constant amount of apatite and adsorbed P in the fractionation pro-
files is indicative of their immobilization in the sediments. For each
site, apatite P is the predominant fraction suggesting a large P retention
capacity in Lake Simcoe sediments (Fig. 7).

The modeled dissolved phosphorus profiles provide a reasonable
description of the phosphate concentration gradient at the sediment–
water interface (Fig. 8), despite the challenges posed by the substantial
spatial and temporal variability in Lake Simcoe (Lewandowski et al.,
2002). The latter pattern also suggests significant seasonality of the in-
ternal P release. Based on Fick's Law, the estimated benthic fluxes vary
seasonally from 0.05 to 0.3 mg P/m2/d, which is similar to the estimate
derived from measured P profiles (Dittrich et al., 2013). According to
our model results, Kempenfelt Bay (K42) exhibits the highest gradient
in depth profile of dissolved phosphorus, primarily driven by the release
of the redox sensitive P fraction along with the higher degradation
kinetics that deplete oxygen after the top 3–4 cm of sediments. This
finding is also on par with the empirical evidence that Kempenfelt Bay
was experiencing hypoxia problems and internal P loading (Evans,
2007; Nürnberg et al., 2013).

4. Discussion: seasonal versus long-term dynamics of P binding
forms at the sediment surface

The model results demonstrate strong seasonal dynamics of
P-binding forms (Fig. 9), and their trends are closely linked to organic
matterfluxes and oxygen concentrations at the sediment–water interface
(see Table 5). In particular, it has been argued that P dynamics in Lake
Simcoe, a “marl lake”, may be connected to whiting events or CaCO3 pre-
cipitation in the water column during summer stratification (Nicholls,
1995). Inmany hard-water lakes, P is supposed to co-precipitatewith cal-
cium carbonates formed in thewater column (Koschel et al., 1983;House,
1990). Our results provide evidence in support of this hypothesis as both
organic P and apatite P are located in the surface sediments during the
summer stratification (Fig. 9). This pattern has been observed in other
hard-water lakes during artificial deepwater (Dittrich et al., 2011) or nat-
ural (Gonsiorczyk et al., 1998) calcium carbonate precipitation. Thewhit-
ing phenomenon is an important characteristic for the ecological health
and self-recovery of hard-water lakes (Koschel et al., 1983), and has
been applied as ecological technology for lake restorations (Dittrich et
al., 2011). Consequently, the dynamic simulation of sediment diagenesis
can conceivably support decision makers by providing projections of the
long-term sediment response when a possible treatment is implemented
(Schauser et al., 2003).

In all basins, the low flux of organic matter in winter coincides with
the peak oxygen and low organic P concentrations. Likewise, diagenesis
models for marine systems found a strong link between hypoxia and
P forms in sediments in the Baltic Sea (Reed et al., 2011b). Model
simulations showed that the variability of redox-sensitive P is driven
by total sedimentation flux dynamics and oxygen concentration at the
Fig. 8. Modeled dynamics of dissolved phosphorus (
sediment–water interface. According to data from sediment mapping
(Landre et al., 2011), iron is enriched in all sediment layers in
Kempenfelt Bay and therefore is readily available as a P binding partner.
On the other hand, if conditions at the sediment surface become anoxic,
dissolution of iron hydroxides will be intensified leading to the release
of redox sensitive P.

Despite being the smallest fraction in absolute values, the adsorbed
P-fraction demonstrated significant variability, which was captured by
the model. This finding is very promising from a management perspec-
tive. The adsorbed-P fraction is in equilibrium with P in the porewater,
thereby determining the diffusive flux into the water column. Thus, our
model can provide decisionmakerswith a reliable prediction of diffusive
P flux from the sediments into water column and contribute to the esti-
mation of internal loading (Fig. 11), which is a controversial issue forme-
sotrophic lakes as well as lakes in a transitional phase (Nürnberg, 1988;
Rydin, 2000; Katsev et al., 2006). Our model predicts that the Al–P
fraction exhibits seasonal variability. Being a redox insensitive fraction,
Al–P is important for P immobilization (Kopacek et al., 2005). Naturally
high (or artificially elevated) concentrations of aluminum hydroxide
(Al(OH)3) have been shown to naturally lower (or artificially reduce)
hypolimnetic P release that typically occurs under reducing conditions.
The molar ratios of Al–P to Fe–P can be operationally used as targets
for estimating the potential sediment P release and Al dosing of P-rich
sediments to prevent hypolimnetic P release under anoxic conditions
(Kopacek et al., 2005). The presented model allows estimation of this
ratio and subsequent prediction of its broader implications in the system
dynamics. Therefore, it is of wide interest for investigations of both
natural and artificially treated sediments under reducing conditions.

However, it is also the second smallest fraction in absolute values
(ca. 1% of TP), and thus cannot determine the extent of P immobiliza-
tion. The molar ratio between Al in Al–P fraction to Fe in Fe–P fraction
is around 2.7, which is close to the threshold value for redox sensitive
P release from sediments (Kopacek et al., 2005). This ratio has been
used as an operational target for preventing hypolimnetic P release
under anoxic conditions, and when it is greater than 3, P release
under reducing conditions practically ceases (Kopacek et al., 2005).

Quite recently, a detailed paleo-limnological study documented sed-
imentation rates for three basins of Lake Simcoe (Hiriart-Baer et al.,
2011). Using this data, we simulated the P binding forms at the sedi-
ment surface through a 400-yr period (Fig. 10 upper panel). The
modeled long-term patterns of P-fraction reflect a complex interplay
between the total sedimentation fluxes and P transformations (Fig. 10,
Table 2). In Cook's Bay (C9), the two-fold increase in the total loading
after the 1940s resulted in an accumulation of apatite P in the surface
sediments. Apatite P includes phosphorus incorporated in carbonates,
formed by both autochthonous (e.g., P co-precipitated with carbonates
during whiting events, Gonsiorczyk et al., 1998) or allochtonous (e.g.,
phosphorus in soil particles flushed from the catchment) material.
Thus, the increase of apatite Pmay reflect both an increase of CaCO3 pre-
cipitation within the lake and/or increased erosion from the catchment.
In the case of Cook's Bay, the documented history of land use provides
HPO4
−) in three basins of Lake Simcoe in 2011.
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Table 5
Ranking of relative sensitivities of model with respect to 37 model parameters. The
parameters k are process rate constants. Those with index “eq” are equilibrium dissocia-
tion, precipitation or dissolution rate constant. The parameters Ksatur are half-saturation
concentrations of degradation processes. The parameters SSWI are concentrations of
dissolved substances at the sediment–water interface. The parameters f are mass fluxes
of sedimenting particles. Sensitivity rankings are based on diagenesis model at Main
Basin, K45.

Rank Name δmsqr

1 SO2

SWI 31.9
2 SH

SWI 20.6
3 αOrg 4.9
4 αOrg_inert 4.8
5 SHCO3

SWI 4.1
6 SNO3

SWI 3.7
7 αInorg_P_Fe–P 3.5
8 DB 2.5
9 kdegFe–P 2.3
10 Keq.FeCO3

2.3
11 kO2

1.5
12 Ksatur

O2
1.3

13 fCaCO3
1.3

14 Qmax 1.3
15 αInorg_Fe_Other 1.0
16 keq,CaCO3,diss 1.0
17 αbioirrig 1.0
18 kθ 0.6
19 knitri 0.51
20 SCa

SWI 0.47
21 koxi, HS 0.32
22 kMnO2

0.30
23 SFe

SWI 0.28
24 KAdsorb 0.26
25 KFeOOH 0.25
26 kNO3

0.20
27 SMn

SWI 0.18
28 SHS

SWI 0.17
29 KNO3

0.16
30 kFeOOH 0.16
31 Keq,Apatite 0.11
32 fMnO2

0.071
33 KMnO2

0.064
34 kFe–P 0.047
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evidence that apatite P accumulation has likely occurred due to
an increase of the agricultural activities and subsequently erosion
(Hiriart-Baer et al., 2011).

By contrast, the sediments in Kempenfelt Bay (K42) accumulated
organic-P (Fig. 10, middle column). This accumulation is particularly
pronounced after the 1940s, coincidingwith the expansion of urbaniza-
tion and other associated anthropogenic activities (LSRCA, 1993). This
finding is also in agreementwith a recent 13C isotope analysis, asserting
that wastewater effluent might be a dominant driver of P-loading in
Kempenfelt basin (Hiriart-Baer et al., 2011). The high amount of redox
sensitive P supports the empirical evidence that this basin has experi-
enced severe hypoxia events from the 1980s until the mid 1990s. The
high Fe amount due to the geological background of Kempenfelt Bay
provides a redox-dependent binding capacity for phosphorus on iron
oxides and hydroxides. However, under reducing conditions induced
by hypoxia, redox-bounded P can be dissolved (Reed et al., 2011b),
and this pattern has often been observed in various stratified freshwater
systems (e.g., Hupfer et al., 1995; Ulrich, 1997).

4.1. Which processes impact the dynamics of P binding forms in the
sediments?

Sensitivity analysis allows us to determine the subset of parameters
that are most influential on model predictions (Brun et al., 2001; Omlin
Fig. 9. Impact of dynamics of sedimentation flux on P binding forms in surface sediments
for site K45 in2004 and 2005. Values for P binding forms are an average of the top 6 mmof
the sediments.
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et al., 2001; Arhonditsis and Brett, 2004; Katsev et al., 2006). Sensitivity
analysis can dictate which parameters need to be constrained with
more information from the field and/or the literature. Our sensitivity
analysis has been carried out for the main basin, as this station is the
most representative for the whole-lake P retention in the sediments.
The ranking of the 34 parameters considered has been calculated
using the sensitivity measure δ (Table 5). The central conclusion
drawn from our study is that in order to elucidate the P diagenesis pro-
cesses and subsequently predict P efflux to the water column of a hard-
water mesotrophic lake, the concentrations of dissolved substances such
as oxygen (SO2

SWI), pH (SHSWI), alkalinity (SHCO3

SWI), nitrate (SNO3

SWI), cal-
cium (SCaSWI), iron (SFeSWI), manganese (SMn

SWI), and the sedimentation
fluxes of organic and inorganic matter (αOrg, αOrg_inert) should be accu-
rately determined in addition to P species.
4.2. Oxygen and pH at the sediment–water interface and composition of
settling matter

Our results primarily highlight the sensitivity of the modeled out-
puts to SO2

SWI and pH (SHSWI). The model is also sensitive to the compo-
sition of settling matter; especially, the portions of organic reactive and
refractory carbon (αOrg and αOrg_inert). The second group of parameters
comprises alkalinity (SHCO3

SWI), nitrate concentrations (SNO3

SWI), the
settling part of redox sensitive phosphorus (αInorg_P_Fe–P), bioturbation
(DBioturbation), the degradation rate of redox sensitive phosphorus
(kdegFe–P) and the equilibrium constant of siderite (Keq.FeCO3num). Inter-
estingly, bioturbation appears to be a critical factor in the model, even
though the effect of benthic invertebrates is only limited to the oxygen-
ated layer. Thus, it is necessary to have experimental evidence for the
functional role of benthic organisms in stratified mesotrophic lakes, if
one wants to understand phosphorus diagenesis over time. Chirono-
mids can potentially increase the flux of dissolved phosphorus from
the sediments by ingesting large quantities of interstitial pore water,
while the combined effect of bioturbation and bioirrigation is insignifi-
cant under anoxic conditions (Graneli, 1999). The small-scale move-
ments of bivalves aside from their bio-diffusing activity can potentially
induce a bioturbation effect on the sediments, if they are able to bury
into the sediment bed, and thus increase the nutrient flux. Depending
on their abundance, bivalves can also become an additional source of or-
ganic matter as well as a sink of dissolved oxygen through their respira-
tion. In the next iteration of the model, our aim is to explicitly consider
the seasonality of benthic activity, thereby leading to a more realistic
simulation of their role in P retention.
Fig. 11. Modeled dissolved phosphorus release rates for 3 sites.
4.3. Sedimentation of calcium carbonates and P adsorption/binding to
carbonates

A lower sensitivity index has been found for the two parameters
representing the role of oxygen with the degradation processes
(kO2

and KO2

satur), flux of calcium carbonate (fCaCO3
), and maximal

phosphorus adsorption capacity of the sediments (Qmax). The sensi-
tivity ranking of the equilibrium constant of siderite Keq.FeCO3num and
calcium carbonate flux (fCaCO3

) underscores the importance of the
Ca-bounded form of phosphorus in the fate of P in the sediments.
Close to the latter factor were the parameters for calcium carbonate
dissolution (keqCaCO3diss), fraction of the settled inorganic iron
(αInorg_Fe_Other) and bioirrigation coefficient (αBioirrig). This finding is
on par with the empirical evidence that apatite P is a significant fraction
of the phosphorus pool in the sediments of Lake Simcoe (Dittrich et al.,
2009; Hiriart-Baer et al., 2011). The significant impact of calcium car-
bonate flux (fCaCO3

) on modeled outputs stems from the dominance of
the Ca-bound form of phosphorus in the sediments. A critical question
arising though is whether apatite P directly enters the system from
the watershed or if it is being formed in the water column and subse-
quently settles down to the lake bottom.

4.4. Parameters with low sensitivity ranking

Lower sensitivity rankings were assigned to the rate of compaction
(kθ), the nitrification rate (knitri), the concentration of calcium at the
sediment–surface interface (SCaSWI), the rate of secondary reaction
(koxiHS), and the rate constant of OM degradation with manganese
oxides (kMnO2

). Likewise, model outputs are less sensitive to the values
assigned to dissolved iron concentrations at the sediment–water inter-
face (SFeSWI), adsorption of P (KAdsorb), half-saturation constant of OM
degradation with iron hydroxides (KFeOOH

satur), and rate constants of
OMdegradationwith nitrate (kNO3

), boundary conditions for concentra-
tions of dissolved manganese (SMn

SWI), HS (SHS) at the sediment–water
interface, half saturation constant of OM degradation with nitrate
(KNO3

satur), rate of OM degradation with iron hydroxides (kFeOOH),
parameter for formation of apatite P (KeqApatite), sedimentation flux of
manganese oxides (fMnO2

), half-saturation constants of OM degradation
with manganese oxides (KMnO2

satur), and kinetics of redox sensitive P
(kFe–P). These findings are on par with our empirical calculations of
the organic carbonmineralization rates, suggesting that organic carbon
is almost 90%mineralized by oxygen in the sediment depths considered
in this study (Dittrich et al., 2013). Similar observations have beenmade
in the Baltic Sea, where the majority of mineralization is mediated by
aerobic respirationwith themaximumoccurring shortly after the depo-
sition of the spring bloom, when both labile organic matter and oxygen
are readily available (Reed et al., 2011b).

4.5. Identifiability analysis

In this study, our aim was to elucidate the identification problems
arising from the compensation effects among different subsets of
parameters. The compensation effects can be deduced from the collin-
earity index γ among the investigated parameters. When the index γ
lies below a critical level of 10–20, then the interactions among the
parameters do not severely limit their identifiability. Although there is
an extremely high number of parameter combinations that can be
formed, the γ index is expected to reach a maximum value after a cer-
tain parameter subset size. Identifiability studies showed that the max-
imum collinearity index increases very rapidly with the size of the
parameter set. Thus, applications of identifiability analysis can examine
relatively low parameter set sizes without losing much information
(Omlin et al., 2001). For example, Omlin et al. (2001) found that the col-
linearity index increased up to 9.2 for parameter subsets of size 2, to
17.0 for parameter subsets of size 3, and to 18.1 for parameter subsets
of size 4. This result also implies that despite the large amount of
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calibration data in that study, there were already sets of three parame-
ters that led to serious identifiability problems. In our study, we tested
35 different parameter sets and 22 (themost typical ones) are presented
(Table 6, 1a–7c). The parameters have been grouped according to their
origin and their sensitivity ranking (Table 5). The parameters are divided
among those estimated experimentally or supported by available mea-
surements and those estimated solely through calibration (Brun et al.,
2001). A second criterion to divide the parameters is their sensitivity
ranking in Table 5. The two groups of parameters have been cross-
examined in different parameter permutations, in which highly ranked
“fieldmeasured” parameters, e.g., SO2

, and highly ranked “estimated” pa-
rameters, e.g., kdegFe–P, were grouped together to test their identifiability.

The first five parameter sets, 1a–e, in Table 6 with a collinearity
index γ below 10–20 suggest the absence of compensation effects
among the process rate constants for the degradation with oxygen
(kO2

), degradation rates of redox sensitive P (kdegFe–P), rate of forma-
tion of redox sensitive P (kFe–P) (sets 1a, b), as well as the nitrification
rates (knitri), rate of OM degradation with nitrate (kNO3

) (sets 1c, d),
manganese oxides (kMnO2

) and iron hydroxides (kFeOOH) (sets 1e, f).
The results for the sets 1a–b demonstrate that the process rates of for-
mation and degradation of redox sensitive phosphorus (kFe–P and
kdegFe–P) could be identified simultaneously with the rates of OM deg-
radation with oxygen (kO2

). Although the addition of the nitrification
rate (knitri) and the rate constant of OM degradation with nitrate
(kNO3

) leads to an increase of the collinearity index to 3.98 or 4.08
(parameter sets 1c, d), the actual value still stays within the range
that suggests minimal compensability problems among the parameters
considered. The inclusion of two more rate constants for OM degrada-
tion with manganese oxide (kMnO2

) and iron hydroxide (k•FeOOH) leads
to an increase of the collinearity index to 10.04 (parameter set 1e).
The subsequent consideration of the formation rate for redox sensitive
P (kFe–P) increases the collinearity index γ to 14.39, which gets close
to the upper limit of the acceptable identifiability range (Brun et al.,
2001). Consequently, our study suggests that the available empirical
information on phosphorus binding forms and basic sediment
Table 6
Collinearity indices for selected parameter subsets.

Set θ (sets) γ (θ)

1a kO2
kdegFe–P 1.03

1b kO2
kdegFe–P kFe–P 1.23

1c kO2
kdegFe–P knitri kNO3

3.98
1d kO2

kdegFe–P kFe–P knitri kNO3
4.08

1e kO2
kdegFe–P knitri kNO3

kMnO2
kFeOOH 10.04

1f kO2
kdegFe–P knitri kNO3

kMnO2
kFeOOH
kFe–P 14.39

2a αOrg_inert αOrg 1.99
2b αOrg_inert αOrg kO2

kNO3
6.88

2c αOrg_inert αOrg kO2
kNO3

αInorg_Fe_Other αInorg_Fe–P 17.73
3a kO2

kdegFe–P knitri kNO3
kMnO2

kFeOOH 10.04
3b kO2

kdegFe–P knitri kNO3
kMnO2

kFeOOH
αOrg_inert αOrg 98.30

4a SO2

SWI SH
SWI 1.65

4b SO2

SWI SH
SWI Qmax 1.65

4c SO2

SWI SH
SWI Qmax SNO3

SWI 22.52
4d SO2

SWI SH
SWI Qmax SNO3

SWI SHCO3

SWI 28.23
5a SWI SH

SWI kO2
kNO3

αOrg_inert αOrg 9.18
5b SH

SWI kO2
kNO3

αOrg_inert αOrg SNO3

SWI 34.91
SHCO3HCO3

SWI

6a kO2
kNO3

knitri kFe–P 3.98
6b kO2

kNO3
knitri kFe–P keqCaCO3diss 4.73

7a Keq.FeCO3
KO2

KFeOOH KNO3
KAds KMnO2

3.11
7b Keq.FeCO3

KO2
KFeOOH KNO3

KAds KMnO2
4.74

KeqApatite

7c Keq.FeCO3
KO2

KFeOOH KNO3
KAds KMnO2

KeqApatite

kO2
kNO3

kMnO2
kFeOOH knitri kFe–P 98.12
characteristics is adequate for achieving a robust identification of a
substantial number of parameters.

The parameter set 2a clearly demonstrates that the ratios of degrad-
able and inert organic matter (αOrg, αOrg_inert) in the sedimentation flux
have no compensation problems and can be identified from our calibra-
tion dataset. Inclusion of the two rates for OMdegradationwith oxygen
(kO2

) and nitrate (kNO3
) increases γ to 6.88,which suggests that all of the

four parameters are still identifiable (set 2b). However, when we con-
sider the parameters for iron sedimentation flux (αInorg_Fe_Other) and
redox sensitive P sedimentationflux (αInorg_Fe–P), an identification prob-
lem arises as the collinearity index γ (17.63) gets close to the critical
value (2c set). Thismeans that the ratios of degradable and inert organic
matter components (αOrg, αOrg_inert) and OM degradation rates with ox-
ygen (kO2

) and nitrate (kNO3
)may compensate any changes in the values

assigned to the redox sensitive P and Fe sedimentation fluxes. This find-
ing underscores the importance of having data on Fe and redox sensi-
tive P flux, if we aim to delineate their actual role in the predictive
statements drawn by the model relative to the OM composition and
degradation with O2 and NO3.

Combining the rates of the primary degradation with oxygen (kO2
),

nitrate (kNO3
), manganese oxides (kMnO2

), iron hydroxides (kFeOOH) and
secondary degradation process of nitrification, the degradation rate for
redox sensitive P (kdegFe–P) along with the ratios of degradable and re-
fractory organic matter in the sedimentation flux (αOrg, αOrg_inert) into
the parameter set 3b (set 3a is the same as set 1e) results in a collinear-
ity index that is far beyond the critical values. The results demonstrate
that the rate constants for OM primary degradation processes, rate
constant for nitrification and the formation of redox sensitive P can be
identified from our data. However, when we also consider the part of
organic degradable and refractory matter in the sedimentation flux,
the distinct characterization of the parameters included in the set 3b
is compromised, leading to the conclusion that it is crucial to have
experimental data on the composition of the sedimentation flux and
the iron and manganese speciation in the sediments.

In agreement with the sensitivity analysis, the boundary conditions
for O2 and pH (SHSWI) (parameter set 4a) at the sediment–water inter-
face have no identification problems (γ = 1.65); the addition of a
parameter for the P adsorption capacity (Qmax) did not impact the collin-
earity index (set 4b). The inclusion of nitrate (SNO3

SWI) and bicarbonate
(SHCO3

SWI) concentrations at the sediment–water interface (parameter
sets 4c, d) increases γ to a value beyond the critical values, reflecting
the fact that the existing empirical information is not adequate to prop-
erly constrain themodel. The parameter set 5a demonstrates the absence
of identification problems for SO2

SWI and pH (SHSWI) at the sediment–
water interface, the rate constants for OM degradation with oxygen
(kO2

) and nitrate (kNO3
), and the ratios of degradable and inert portions

of organicmatter (γ = 9.18). Inclusion of the nitrate (SNO3

SWI) and bicar-
bonate (SHCO3

SWI) concentrations at the sediment–water interface result
in a γ value of 34.91 (set 5b), stressing the need to study the associated
processes in the field; namely, denitrification and calcium carbonate
dissolution.

The parameter sets (6a) and (6b) showed that the rates of OM
degradation with oxygen (kO2

), nitrate (kNO3
), nitrification rate (knitri),

and the degradation of redox sensitive phosphorus (kFe–P) could be
identified (γ = 3.98). When the constant for carbonate dissolution
(keqCaCO3diss) was added, the collinearity index slightly increased to
γ = 4.73. This finding highlights the value of data regarding the
calcium-carbonate system at the sediment–water interface.

The parameter set 7a demonstrates that the half-saturation concen-
trations of OM degradation with oxygen (KO2

satur), nitrate (KNO3

satur),
manganese oxides (KMnO2

satur), iron hydroxides (KFeOOH
satur), parame-

ters for adsorption P (KAdsorb) and precipitation constant of siderite
(Keq.FeCO3

) can be identified. The same conclusion holds true when we
add the parameter for apatite P formation (KeqApatite) (parameter
set 7b). However, the inclusion of OM degradation rates with oxygen
(kO2

), nitrate (kNO3
), iron hydroxide (kFeOOH), manganese oxides
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(kMnO2
) along with the formation rate for redox sensitive P (kFe–P) sig-

nificantly increases the collinearity index, and thus the 13 parameters
together cannot be identified from the available data set.

To put our results into perspective, identifiability studies for biogeo-
chemical lake (Omlin et al., 2001) and river water quality models
(Reichert and Vanrolleghem, 2001) reported approximately the same
number of identifiable parameters. On the other hand, the analysis of
a diagenesis model with significantly more data available showed a
greater number of identified parameters (Dittrich et al., 2009). In a
non-steady-state diagenetic modeling study in Lake Zug (Dittrich et al.,
2009), 27 parameters have been found to be identifiable compared to 7
identifiable parameters in the present study (set 1f). A plausible explana-
tion lies in the availability of experimental data to calibrate the model
and therefore to effectively determine model parameters. While in the
Lake Zug study, a four-year seasonal data set on sediment geochemistry
was available, the present study only used two years of field data to build
the basics for the model calibration (Dittrich et al., 2009).

It should be noted that the identifiability of model parameters
does not guarantee ecologically sound values. Biases in the model
parameterization can not only stem from parameters that are not
identified from the data, but also from the deficiencies in the model
structure and mathematical foundation. In our study, the most impor-
tant parameters are the rates for OM degradation with oxygen (kO2

)
and nitrate (kNO3

), oxygen and pH SO2

SWI, SHSWI, and degradation of
redox sensitive P (kdegFe–P). Our sensitivity and identifiability analysis
exercise highlighted the significance of monitoring the calcium-
carbonate system in the sediments for the diagenesis of phosphorus
in hard-water lakes. Furthermore, the data on the dynamics and com-
position of the sedimentation fluxes, especially organic carbon, and
the portion of redox-sensitive phosphorus, are of great importance.
Measured depth profiles of phosphorus binding forms and organic
matter provide a large amount of information on phosphorus diagene-
sis. Consequently, the rates of redox sensitive P degradation (kdegFe–P),
sediment P maximum adsorption capacity (Qmax) and the rates of apa-
tite P formation (KeqApatite) can be estimated accurately. In summary,
the identifiability analysis clearly showed that the majority of our
model parameters can be reasonably identified, supporting the likeli-
hood of achieving robust predictions on phosphorus fluxes and dynam-
ics of phosphorus binding forms at the sediment surface.

5. Conclusions

In the present study, we developed a dynamic reaction-transport
model for P transformation and retention in lake sediments.We also in-
tegrated limnological historical data on sedimentation rates and oxygen
in the deep water of the lake as boundary conditions. The model
reproduced depth profiles of phosphorus binding forms, solid-phase,
pore-water, and sediment–water interface concentrations during the
mid-spring and early fall period in three basins of the mesotrophic,
hard-water Lake Simcoe.

The non-steady state diagenesis model reveals that apatite P domi-
nates the P forms in Cook's Bay, which has been overwhelmingly
influenced by agricultural activities in the corresponding watershed
during the last 100 years. In contrast, Kempenfelt Bay has been primar-
ily impacted by urbanization and experienced oxygen depletion in the
deep water. Thus, we found that organic P binding forms dominated
over redox sensitive P when urban loading intensified. Furthermore,
we quantified the seasonal dynamics of benthic P fluxes into the
water column in three different basins and tracked the phosphorus
binding forms in the surface sediments over 200 years. The model rea-
sonably quantified the historical Pfluxes to and from the sediments, and
thus can be used as a predictive tool to support the quantification of lake
P budgets under different loading and oxygen conditions.

Our findings indicate that Lake Simcoe experiences internal loading
that may be causing an increase of primary production as well as a dis-
connect between external loading and system response (Winter et al.,
2007; Hiriart-Baer et al., 2011). This result is also in agreement with
the evidence of P accumulation in the deep lake waters (Nürnberg
et al., 2013). Our analysis also demonstrated that the model outputs
are sensitive to the concentrations of dissolved oxygen and pH at the
sediment–water interface. The sensitivity with respect to these factors
overwhelmingly dominates over all other parameters. Furthermore,
the characterization of the sedimentation fluxes is the second strongest
factor that can influence the inference drawn by themodel; namely, the
composition of settling organic matter, reflected as the ratio of degrad-
able and inert organic matter.

Because of the substantial empirical information on P binding forms
and associated conditions at the sediment–water interface (O2 and pH),
wewere able to achieve remarkable identifiability for a large number of
model parameters and P diagenesis processes. For most parameters,
we can expect that the satisfactory identification can lead to mechanis-
tically plausible values and consequently to predictive statements that
are based upon an ecologically robust foundation. However, we caution
that some uncertainty still remains in regard to the sedimentation
fluxes of iron hydro-oxides andmanganese oxides, as those compounds
were not measured.

Generally, our study demonstrated that the P binding forms in the
sediments are indicators of the prevailing lake redox conditions and
the total nutrient inflows from the watershed. Simulations of phospho-
rus binding forms in surface sediments offer a quantitative interpreta-
tion of paleo-limnological data and thus dictate a new perspective into
assessing lake P retention and linking land use patterns with sediment
P concentrations. In principle, our attempt to recreate the trajectory
from the oligotrophic state 400 years ago to the current mesotrophic
conditions, can be more broadly used to achieve model-based recon-
structions of environmental change. From a water management point
of view, the model creates a virtual environment for evaluating organic
matter degradation pathways and oxygen demand regimes, once the
boundary conditions and sediment characteristics are sufficiently
described. In this regard, our model provides a process-based platform
for assessing management strategies and making decisions regarding
hypoxia problems in aquatic systems. In a follow-up study, we are
investigating the interplay between changing sedimentation rates and
oxygen depletion in the deep waters of the lake.

Supplementary data to this article can be found online at http://
dx.doi.org/10.1016/j.chemgeo.2013.06.011.
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Supplementary Material Table 1. Values of scaling factors sci 

 

yi sci 

             SO2 0.219 mmol/l 

SCa 1 mmol/l 

SCO3 0.001 mmol/l 

SHPO4 0.0009 mmol/l 

SNO3 0.022 mmol/l 

SHS 0.007 mmol/l 

SNH4 0.05 mmol/l 

SS2 2.4 10
-10
 mmol/l 

SSO4 0.03 mmol/l 

SMn 0.02 mmol/l 

SFe 0.0088 mmol/l 

pH 8.19  

Xorgfast 35 mg/gDM 

Xorgine 10 mg/gDM 

XMnO2 1.4 mg/gDM 

XMnCO3 3.8 10
-4
 mg/gDM 

XCaCO3 2.2 mg/gDM 

XP_Apatite 0.44 mg/gDM 

XFeOOH 151 mg/gDM 

XFe_Other 1.5 mg/gDM 

XP_Absorbed 0.16 mg/gDW 

XFeCO3 1.7 10
-4
 mg/gDW 

XP_BD 0.4 mg/gDW 

XInorg_Other 0.3 mg/gDW 
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